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ABSTRACT
Each year, about 75 billion tons of soil are eroded
from the world’s terrestrial ecosystems. Most agricultural land in the world is losing soil at rates ranging
from 13 tons/ha/year to 40 tons/ha/year. Because
soil is formed very slowly, this means that soil is
being lost 13–40 times faster than the rate of
renewal and sustainability. Rain and wind energy
are the two prime causes of erosion from tilled or
bare land. Erosion occurs when the soil lacks protective vegetative cover. Soil erosion reduces the pro-

ductivity of the land by loss of water, soil organic
matter, nutrients, biota, and depth of soil. The
greatest threat to providing food for a rapidly growing human population is soil erosion. Abandoned,
eroded agricultural land is replaced by clearing
forested ecosystems.

INTRODUCTION

When agricultural land is eroded and can no
longer be made productive, it is abandoned. To compensate for the loss, forests are cleared to provide
needed agricultural land (Myers 1989). Indeed,
erosion is the major cause of the deforestation now
taking place throughout the world.
This article reviews the global dimensions of soil
erosion and the impact erosion has on both natural
and managed ecosystems.
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Soil erosion from land areas is widespread and
adversely affects all natural and human-managed
ecosystems, including agriculture and forestry. For
that reason, soil erosion ranks as one of the most
serious environmental problems in the world. Its
effects are pervasive, and its damages are long
lasting (Pimentel and others 1995a).
Although soil erosion has occurred throughout
history, it has intensified as expanding human
populations, coupled with their diverse activities,
intrude farther into natural ecosystems. Erosion
degrades soil quality in natural, agricultural, and
forest ecosystems, thereby reducing the productivity of the land. As a result, the diversity of plants,
animals, and microbes is diminished. Ultimately, the
stability of entire ecosystems is threatened (Pimentel and others 1995a). To offset the damages that
erosion inflicts on crops, large quantities of fertilizers and pesticides, plus irrigation, are intensively
used. Not only are these inputs fossil-energy dependent, but they also harm human health and pollute
the environment (Pimentel and others 1995a).

MEASURING SOIL EROSION
Although soil erosion has been taking place slowly
in natural ecosystems throughout geologic time, its
cumulative impact over billions of years is significant. Worldwide, erosion rates range from a low of
0.001–2 tons/hectare/year (t/ha/yr) on relatively
flat land with grass and/or forest cover to rates
ranging from 1 to 5 t/ha/yr on mountainous regions
with normal vegetative cover. Even low rates of
erosion sustained over billions of years result in the
displacement of soil. Often eroded soil accumulates
in valleys, forming vast alluvial plains. Over a period
of 100 years at an erosion rate of 2 t/ha/yr on 10 ha,
erosion deposits soil equivalent to about 1 ha of land
with a soil depth of 15 cm. The large deltas of the
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world, such as the Nile and the Mississippi, are the
result of many centuries of erosion.
On sloping agricultural land under tropical rainfall, as much as 400 t/ha/yr of soil is lost (Pimentel
unpublished report, 1990). Under arid conditions
with relatively strong winds, as much as 5600
t/ha/yr of soil has been reported lost (Gupta and
Raina 1996).
The large amounts of soil that are eroded from the
land end up in streams, lakes, and other ecosystems.
The US Department of Agriculture (USDA 1989)
reports that 60% of the water-eroded soil ends up in
streams. Further evidence that large amounts of
water-eroded soil end up in streams and rivers is the
fact that approximately 2 billion tons/year of soil are
transported down the Yellow River in China into
the gulf (Follett and Stewart 1985; Lal and Stewart
1990; McLaughlin 1993; Zhang and others 1997).
According to some investigators, approximately 75
billion tons of fertile soil are lost annually from the
world’s agricultural systems (Myers 1993), whereas
other investigators have estimated that only 24
billion tons of soil are lost each year (Crosson 1997).
In fact, the 75 billion tons is a conservative value.
Soil scientists Lal and Stuart (1990) and Wen (1997)
report that 6.6 billion tons of soil per year are lost in
India and 5.5 billion tons are lost annually in China.
Based on the fact that these two countries occupy
about 13% of the world’s total land area, the
estimated 75 billion tons of soil lost per year worldwide is entirely logical. The amount of soil lost in the
United States is more than 4 billion tons per year. In
addition, serious soil erosion takes place in other regions of the world (Pimentel 1993; Oldeman 1997).

CAUSES

OF

EROSION

Erosion occurs when soil is exposed to water or
wind energy. Raindrops hit exposed soil with great
energy and launch soil particles along with the
water into the air. Raindrop splash and resulting
sheet erosion remove a thin film of soil from the
land surface. Sheet erosion is the dominant form of
erosion (Allison 1973; Foster and others 1985). The
impacts of both are intensified on sloping land,
where more than half of the soil contained in the
splashes is carried downhill to valleys and waterways (Pimentel and others 1995a).
Wind energy dislodges soil particles and carries
them off the land. Airborne soil particles are often
transported thousands of miles. For instance, soil
particles eroded from African ecosystems have been
identified as far west as Brazil and Florida (Simons
1992), whereas Chinese soil eroded during spring
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Figure 1. Soil erosion rates related to percentage of
ground cover in Utah and Montana. After Trimbel and
Mendel (1995).

plowing has been found deposited in Hawaii (Parrington and others 1983).
Land areas covered by plant biomass, living or
dead, are protected and experience reduced soil
erosion because raindrop and wind energy is dissipated by the biomass layer. In Missouri, for example, barren land lost soil 123 times faster than did
land covered with sod, which lost soil at less than
0.1 t/ha/yr (US Forest Service 1936). In Utah and
Montana, as the amount of ground cover decreased
from 100% to less than 1%, erosion rates increased
approximately 200 times (Trimble and Mendel 1995)
(Figure 1).
Loss of vegetative cover is especially widespread
in developing countries because population densities are high, agricultural practices frequently are
inadequate, and cooking and heating often depend
on the use of crop residues for fuel. For example,
about 60% of crop residues in China and 90% in
Bangladesh are stripped from the land and burned
for fuel (Wen 1993). In areas where fuelwood and
other biomass are scarce, even the roots of grasses
and shrubs are collected and burned (McLaughlin
1991). Such practices leave the soil barren and fully
exposed to rain and wind energy.
Erosion rates on sloping lands are exceedingly
high. Erosion rates are high especially on marginal
and steep lands that are being converted from
forests to agricultural use to replace the already
eroded, unproductive cropland (Lal and Stewart
1990). In Nigeria, for instance, cassava fields on
steep slopes (approximately 12% slope) lost 221
t/ha/yr, compared with a loss of 3 t/ha/yr on
relatively flat land (less than 1% slope) (Aina and
others 1977). Similarly, in the Philippines, where
more than 58% of the land has a slope of greater

418

D. Pimentel and N. Kounang

than 11%, and in Jamaica, where 52% of the land
has a slope greater than 20%, soil erosion rates are
as high as 400 t/ha/yr (Lal and Stewart 1990).
In forested areas, a minimum of 60% forest cover
of the landscape is necessary to prevent soil erosion
(Singh and Kaur 1989). The significance of this
problem is illustrated in the Himalayan regions of
India where the lower mountain areas are heavily
forested. As the human population has increased
there, extensive deforestation has followed. Now
only 35% of that region is covered with forests and
frequent landslides and soil erosion are common
problems. Hawley and Dymond (1988) reported
that 100% tree cover reduced storm damage and
landslides at least 70%.
The structure of the soil itself influences the ease
with which it can be eroded. Soils with medium to
fine texture, low organic matter content, and weak
structural development are most easily eroded. Typically, these soils have low infiltration rates and,
therefore, are subject to high rates of water runoff
with the eroded soil being carried away in the water
flow (Foster and others 1985).
Although world agricultural production accounts
for about three-quarters of the soil erosion worldwide, erosion also occurs in other human-modified
ecosystems (El-Swaify and others 1985; Lal and
Stewart 1990). The construction of roadways, parking lots, and buildings are examples of this problem.
Although the rate of erosion from construction sites
may range from 20 to 500 t/ha/yr, erosion associated with construction is relatively brief, generally
lasting only while the construction disturbs the land
surface. Once the disturbed land surface is seeded to
grass or vegetation regrows naturally, erosion decreases (International Erosion Control Association
1991).
Natural areas also suffer erosion; this is especially
evident along stream banks. There erosion occurs
naturally from the powerful action of moving water.
On steep slopes (30% or more), a stream cut
through adjacent land can cause significant loss of
soil (Alonso and Combs 1989). Even on relatively
flat land with a 2% slope, stream banks are eroded
easily, especially during heavy rains and flooding.
The presence of cattle in and around streams further
increases stream-bank erosion. For example, in
Wisconsin, a stream area inhabited by cattle lost
about 60 tons of soil along each kilometer of stream
length per year (Trimble 1994; Trimble and Mendel
1995).
As expected, erosion accompanies landslides and
earthquakes (Bruijnzeel 1990). Overall, the erosion
impact from earthquakes is comparatively minimal
because these events are relatively rare worldwide.

In contrast, for landslides—which are more frequent than earthquakes—the damage is more widespread. Landslides are usually associated with diverse human activities, such as the construction of
roads and buildings and the removal of forests.

SOIL LOSS

IN

AGRICULTURAL LANDS

Cropland
Nearly one-half of the earth’s land surface is devoted to agriculture; of this, about one-third is
planted to crops and two-thirds to pasture land
(USDA 1993). Of the two, cropland is more highly
susceptible to erosion because it is tilled repeatedly.
This practice exposes the soil to wind and water
erosion. In addition, cropland often is left bare
between plantings for several months of the year.
Erosion on agricultural land is intense and estimated to be 75 times greater than that occurring in
natural forest areas (Myers 1993).
On croplands, it is common to find that up to
100–200 t/ha/yr of soil have been eroded either by
rainfall or wind or by a combination (Maass and
Garcia-Oliva 1990). In extreme circumstances, erosion may exceed 450 t/ha/yr (Hurni 1985; Lal and
Stewart 1990; Troeh and others 1991; Huang 1996).
Currently, about 80% of the world’s agricultural
land suffers moderate to severe erosion, while only
10% experiences relatively slight erosion (Pimentel
1993; Speth 1994; Lal 1994). Worldwide, erosion on
cropland averages about 30 t/ha/yr and ranges from
0.5 to 400 t/ha/yr (Pimentel and others 1995a). As a
result of erosion, during the last 40 years, about
30% of the world’s arable land has become unproductive and, therefore, has been abandoned for
agricultural use [World Resources Institute (WRI)
1994]. The nearly 1.5 billion ha of arable land that
are now under cultivation for crop production are
about equal in area to the amount of arable land (2
billion ha) that has been abandoned by humans
since farming began (Lal 1990, 1994). The abandoned land, once biologically and economically
productive, now produces little biomass and has lost
most of its initial biodiversity of plants and animals
(Pimentel and others 1992; Heywood 1995).
The lowest erosion rates on cropland average
about 13 t/ha/yr and occur in the United States and
Europe (Barrow 1991; USDA 1994). However, these
relatively low rates of erosion greatly exceed the
average rate of natural soil formation, which ranges
from 0.5 to 1 t/ha/yr (Troeh and Thompson 1993;
Lal 1994; Pimentel and others 1995a). More than
90% of US cropland now is losing soil faster than
the sustainable, replacement rate (Hudson 1982; Lal
1984).
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Even so, in the United States, erosion is severe in
some of the most productive agricultural ecosystems. For instance, one-half of the fertile topsoil of
Iowa has been lost during the last 150 years of
farming because of erosion (Risser 1981; Klee 1991).
Unfortunately, high rates of erosion (about 30 t/ha/
yr) continue there because of the rolling hills and
type of agriculture practiced (USDA 1989). Similarly, 40% of the rich soil of the Palouse region in
the northwestern United States has been lost during
the past 100 years of cultivation. Intensive agriculture is employed in both of these regions and
monocultural plantings are common. Also, in many
areas, fields are left unplanted during the late fall
and winter months, exposing the soil to erosion.
Worldwide, soil erosion rates are highest in
agroecosystems located in Asia, Africa, and South
America, averaging 30–40 t/ha/yr. In developing
countries, soil erosion is particularly severe on small
farms because they often occupy marginal lands
where the soil quality is poor and the topography
steep and hilly. In addition, the poor farmers raise
row crops such as corn, which are highly susceptible
to erosion (Southgate and Whitaker 1992). For
example, in the Sierra region of Ecuador, 60% of
the cropland was recently abandoned because erosion and inappropriate agricultural practices that
left the land exposed to water and wind erosion
caused severe soil degradation (Southgate and
Whitaker 1992). Similar problems are evident in the
Amazonian region of South America, especially
where large forested areas are being cleared to
provide more land for crops and livestock.

Pasture Land
In contrast to the average soil loss of 13 t/ha/yr from
US cropland, pastures lose about 6 t/ha/yr (USDA
1994). However, erosion rates intensify whenever
overgrazing occurs. This now is occurring on more
than half of the world’s pasture land (WRI 1994). In
many developing countries, heavy grazing by sheep
and goats has removed most of the vegetative cover,
exposing the soil to erosion. Even in the United
States, about 54% of the pasture lands, including
those on federal lands, is now overgrazed and has
become subject to high erosion rates (Hood and
Morgan 1972; Byington 1986).

Forest Land
In stable forest ecosystems, where soil is protected
by vegetation, erosion rates are relatively low, ranging from only 0.004 to 0.05 t/ha/yr (Bennett 1939;
Roose 1988; Lal 1994). Tree leaves and branches
intercept and diminish rain and wind energy, while
the leaves and branches cover the soil under the
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trees to protect the soil further. However, this
changes dramatically when forests are cleared for
crop production or pasture. For example, in Ecuador, the Ministry of Agriculture and Livestock reported that 84% of the soils in the hilly, forested
northeastern part of the country should never have
been cleared for pastures because of the high erodibility of the soils, their limited fertility, and overall
poor soil type (Southgate and Whitaker 1992).

EFFECTS

OF

EROSION

ON

PRODUCTIVITY

Erosion reduces the overall productivity of terrestrial ecosystems in several ways. First, in order of
importance, erosion increases water runoff, thereby
decreasing water infiltration and the water-storage
capacity of the soil (Troeh and others 1991; Pimentel and others 1995a). Also, organic matter and
essential plant nutrients are lost in the erosion
process and soil depth is reduced. These changes
reduce biodiversity in the soil (Troeh and others
1991; Pimentel and others 1995a). Because these
factors interact with one another, it is almost impossible to separate the specific impacts of one factor
from another. For example, the loss of soil organic
matter increases water runoff, which reduces waterstorage capacity. This diminishes nutrient levels in
the soil and also reduces the natural biota biomass
and the biodiversity of the entire ecosystem.
Overall, the cumulative effects of erosion directly
diminish plant productivity. For example, erosion
reduced corn productivity by 12%–21% in Kentucky, 0–24% in Illinois and Indiana, 25%–65% in
the southern Piedmont of Georgia, and 21% in
Michigan (Frye and others 1982; Olson and Nizeyimana 1988; Mokma and Sietz 1992). In the Philippines over the past 15 years, erosion caused declines
in corn production by as much as 80% (Dregne
1992). Such major reductions in food-crop yields
are particularly serious at a time in history when the
growing human population continues to require
increased quantities of food and more than 2 billion
people in the world are malnourished (World Health
Organization 1995; Pimentel and others 1997a).

Water
Water is a prime limiting factor for productivity in
all terrestrial ecosystems because all vegetation requires enormous quantities of water for its growth
and for the production of fruit (NSESPRPC 1981;
Follett and Stewart 1985; Falkenmark 1989). For
example, a hectare of corn or wheat will transpire
more than 4 million L of water each growing season
(Leyton 1983) and lose an additional 2 million L of
water by evaporation from the soil (Waldren 1983;
Donahue and others 1990).
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Table 1. Water and Soil Loss Related to Various Conservation Technologies That Reduce Water Runoff
and Soil Erosion
% Reduced
Treatments

Location

Runoff

Soil Erosion

References

4 t/ha mulch/No mulch
Contour cultivation/No contour cultivation
Wheat–oat–barley–hay–hay/Wheat–fallow
No grazing pasture/Very heavy grazing
No till 1 cover crop/Conventional till
Cover crop–corn/Conventional
Cover crop–silage corn/Conventional silage corn
No till cotton/Conventional cotton
Alley cropping corn a /Conventional

India
India
Canada
Ethiopia
Brazil
USA
USA
USA
Philippines

58
—
—
330
400
15
—
140
75

72
54
89
330
130
110
244
900
99

Kukal and others 1993
Kukal and others 1993
Monreal and others 1995
Mwendera and Saleem 1997
Busscher and others 1996
Martin and Cassel 1992
Reeves 1994
Langdale and others 1994
Comia and others 1994

aAlley

cropping corn with leguminous tree on 17% slope.

When erosion occurs, the amount of water runoff
significantly increases, and with less water entering
the soil, less is available to support the growing
vegetation (Table 1). Moderately eroded soils absorb
10–300 mm less water per hectare per year from
rainfall than uneroded soils. This represents a decrease of 7%–44% in the amount of water available
to the vegetation (Wendt and Burwell 1985; Wendt
and others 1986; Murphee and McGregor 1991). A
diminished absorption rate of 20%–30% of rainfall
represents significant water shortages for all vegetation, including crops (Elwell 1985). Lal (1976)
reported that erosion has reduced water infiltration
in some tropical soils by up to 93%.
In general, when water availability for the agricultural ecosystem is reduced from 20% to 40% in the
soil, plant productivity is reduced from 10% to 25%,
depending also on total rainfall, soil type, slope, and
other factors. Such major reductions in plant biomass also reduce the soil biota and the overall
biodiversity within the ecosystem (Heywood 1995).

Nutrients
When soil is eroded, basic plant nutrients such as
nitrogen, phosphorus, potassium, and calcium also
are lost. Eroded soil typically contains about three
times more nutrients than the soil left behind on the
eroded land (Lal 1980; Young 1989). A ton of fertile
topsoil typically contains 1–6 kg of nitrogen, 1–3 kg
of phosphorus, and 2–30 kg of potassium, whereas
soil on eroded land frequently has nitrogen levels of
only 0.1–0.5 kg/t (Alexander 1977; Troeh and others 1991). Plant productivity is significantly reduced
when soil nutrient levels are this low.
If the soil is relatively deep, such as 300 mm, and
10–20 tons of soil is lost per hectare, the nutrients
lost in the erosded soil can be replaced with the

application of commercial fertilizers and/or livestock manure (Pimentel and others 1995a). However, the loss of nutrients can be expensive for the
farmer and nation. For instance, Troeh and colleagues (1991) estimate that the United States loses
$20 billion annually in nutrients because of soil
erosion.

Soil Organic Matter
Both wind and water erosion selectively remove the
fine organic particles in the soil, leaving behind
large particles and stones. Fertile soils frequently
contain about 100 tons of organic matter per hectare (or 4% of the total soil weight) (Follett and
others 1987; Young 1990). Because most of the
organic matter is close to the soil surface in the form
of decaying leaves and stems, erosion of the topsoil
significantly decreases soil organic matter. Several
studies have demonstrated that the soil removed by
either wind or water erosion is 1.3–5.0 times richer
in organic matter than the soil left behind (Barrows
and Kilmer 1963; Allison 1973).
Soil organic matter facilitates the formation of soil
aggregates and increases soil porosity. In this way, it
improves soil structure, which in turn facilitates
water infiltration and ultimately the overall productivity of the soil (Chaney and Swift 1984; Langdale
and others 1992). In addition, organic matter aids
cation exchange, enhances root growth, and stimulates the increase of important soil biota (Allison
1973). About 95% of the soil nitrogen and 25%–
50% of the phosphorus are contained in the organic
matter (Allison 1973).
Once the organic matter layer is depleted, the
productivity of the ecosystem, as measured by
crop-plant yields, declines both because of the
degraded soil structure and the depletion of nutri-
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ents contained in the organic matter. For example,
the reduction of soil organic matter from 1.4% to
0.9% lowered the yield potential for grain by 50%
(Libert 1995).
When nutrient resources are depleted by erosion,
plant growth is stunted and overall productivity
declines (Pimentel and others 1995a). Soils that
suffer severe erosion may produce 15%–30% lower
crop yields than uneroded soils (Olson and Nizeyimana 1988; Schertz and others 1989; Follett and
Stewart 1985; Langdale and others 1992). In addition to low yields, the total biomass of the biota and
overall biodiversity of these ecosystems are substantially reduced (Heywood 1995).

As plants grow, they need soils of adequate depth in
which to extend their roots. Various soil biota also
require a specific soil depth (Pimentel and others
1995a). Thus, when soil depth is substantially reduced by erosion from 30 cm to less than 1 cm, plant
root space is minimal and, concurrently, valuable
soil biota nearly disappear.

BIOMASS

Table 2. Biomass of Various Organisms per
Hectare in a New York State Pasture a
Organism

Biomass (kg fresh weight)

Plants
Fungi
Bacteria
Annelids
Arthropods
Protozoa
Algae
Nematodes
Mammals
Birds

20,000
4000
3000
1320
1000
380
200
120
1.2
0.3

aAfter

Soil Depth

AND

BIODIVERSITY

The biological diversity existing in any natural
ecosystem is directly related to the amount of living
and nonliving organic matter present in the ecosystem (Wright 1983, 1990). By diminishing soil organic matter and overall soil quality, erosion reduces biomass productivity in ecosystems.
Ultimately, this has a profound effect on the diversity of plants, animals, microbes, and other forms of
life present in the ecosystem.
Numerous positive correlations between biomass
and species abundance have been established (Elton
1927; Odum 1978; Sugden and Rands 1990; M.
Giampietro personal communication, 1997, Insituto
Nazionale della Nutrizione, Rome, Italy). Vegetation
is the main component of ecosystem biomass and
provides the resources needed by animals and microbes. This relationship is summarized in Table 2.
Plants, animals, and microbes are a vital component of the soil, as mentioned, and constitute a large
measure of the soil biomass. One square meter of
soil may support about 200,000 arthropods and
enchytraeids and billions of microbes (Wood 1989;
Lee and Foster 1991). A hectare of productive soil
may have a microbial and invertabrate biomass
weighing nearly 10,000 kg/ha (Table 2). Anderson
(1978) reported that a favorable temperate-forest
soil with abundant organic matter supports up to
1000 species of animals per square meter, including
arthropods, nematodes, and protozoa. Soil bacteria
and fungi add another 4000–5000 species to the
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biodiversity in moist, organic forest soils (Heywood
1995).
Erosion rates that are 10–20 times higher than the
sustainability rate (less than 0.5 to 1 t/ha/yr) decrease the diversity and abundance of soil organisms
(Atlavinyte 1964, 1965), whereas agricultural practices that maintain adequate soil organic matter
content favor the proliferation of soil biota (Reid
1985). For example, the simple practice of adding
straw mulch on the soil surface increased soil
organic matter and the number of living organisms
as much as threefold (Teotia and others 1950).
Similarly, the application of organic matter or manure enhanced earthworm and microorganism biomass as much as fivefold (Ricou 1979). In the
former USSR, species diversity of macrofauna
(mostly arthropods) increased 16% when organic
manure was added to experimental wheat plots
(Bohac and Pokarzhevsky 1987). Macrofauna
(mostly arthropods) species diversity more than
doubled when organic manure was added to grassland plots in Japan (Kitazawa and Kitazawa 1980).
Arthropod biomass increased significantly when
soil organic matter was added to the agriculture. For
example, the biomass of arthropods increased from
twofold to sevenfold per hectare when organic
matter in manure was added to wheat and mangold
crops in the United Kingdom (Morris 1922; Raw
1967). Also, when organic manure was added to
agricultural land in Hungary, soil microbial biomass
increased tenfold (Olah-Zsupos and Helmeczi 1987).
Because increased biomass generally is correlated
with increased biodiversity, it is logical to assume
that the increase in biomass of arthropods and
microbes represents an increase in biodiversity (Pimentel and others 1992).
The relationship between biomass and biodiversity was further illustrated in field experiments with
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collards in which arthropod species diversity rose
fourfold in the experimental plots that had the
highest collard biomass compared with control collard plots (Pimentel and Warneke 1989). Ward and
Lakhani (1977) reported that the number of arthropod species associated with an ecosystem containing
juniper bushes increased fourfold when the number
of bushes was increased 100-fold. Elsewhere, a
strong correlation between plant biomass productivity and bird species diversity was reported when a
100-fold increase in plant biomass productivity
yielded a tenfold increase in bird diversity (Wright
1983, 1990).
Indirect effects of erosion on ecosystems frequently may be nearly as damaging as the direct
effects of reducing plant productivity. For example,
the stability and biodiversity of grasslands were
significantly reduced when plant species reduction
occurred (Tilman and Downing 1994). As the number of plant species decreased from 25 species to five
or fewer, the grassland became less resistant to
drought and the total amount of biomass declined
more than fourfold. As a result the grassland was
more susceptible to drought conditions and recovery of productivity required more time than in the
species-rich state.
The effects of erosion may be responsible for the
loss of a keystone species, an absence that may have
a cascading effect on a wide array of species within
the ecosystem. Species that act as keystone species
include plant types that maintain the productivity
and integrity of the ecosystem; predators and parasites that control the feeding pressure of some
organisms on vital plants; pollinators of various vital
plants in the ecosystem; seed dispersers; and the
plants and animals that provide a habitat required
by other essential species, like biological nitrogen
fixers (Heywood 1995; Daily 1996). Hence, the
regular activities within an ecosystem may be interrupted or even eliminated. The impacts of this can
be particularly severe especially in agroecosystems
when, for instance, pollinators are drastically reduced and/or eliminated.
Soil biota perform many beneficial activities that
improve soil quality and productivity. For example,
soil biota recycle basic nutrients required by plants
for their growth (Van Rhee 1965; Pimentel and
others 1980, 1997b). In addition, the tunneling and
burrowing activities of earthworms and other soil
biota enhance productivity by increasing water
infiltration into the soil. Earthworms, for instance,
may produce up to 220 tunnel openings per square
meter (3–5 mm in diameter). These channels enable
water to run rapidly into the soil, thereby increasing
infiltration rates (Anderson 1988).

Other soil biota contribute to soil formation and
productivity by mixing soil components, enhancing
aggregate stability, and preventing soil crusting.
Earthworms bring between 10 and 500 t/ha/yr of
soil from underground to the soil surface (Edwards
1981; Lavelle 1983; Lee 1985), while insects bring a
smaller amount to the surface (Hole 1981; Zacharias
and Grube 1984; Lockaby and Adams 1985). This
churning and mixing of the upper soil redistributes
nutrients, aerates the soil, exposes matter to the
climate for soil formation, and increases infiltration
rates, thus making conditions favorable for increased soil formation and plant productivity. In
arid regions, species like the Negev desert snail
(Euchordrus spp.) also help form soil by consuming
lichens and the rocks on which the lichens are
growing (Shachak and others 1995). This snail
activity helps form about 1000 kg of soil per hectare
per year, which is equal to the annual soil formation
by windborne deposits.
Controlling erosion not only conserves the quality of soils but enhances vegetative growth and
increases total biodiversity.

SEDIMENTS AND WIND-BLOWN
SOIL PARTICLES
Beyond its direct effect on agricultural and forest
ecosystems, the impact of erosion reaches far into
the surrounding environment. Major off-site problems include earth-dam failures, eutrophication of
waterways, siltation of harbors and channels, loss of
reservoir storage, loss of wildlife habitat, disruption
of stream ecology, and flooding of land and communities, plus increased costs for water treatment
(Gray and Leiser 1989).
The most costly off-site damages occur when soil
particles enter water systems (Lal and Stewart 1990).
Of the billions of tons of soil lost from US and world
cropland, nearly two-thirds finally are deposited in
streams and rivers (USDA 1989; Pimentel 1997).
These sediments harm aquatic ecosystems by contaminating the water with soil particles and the
fertilizer and pesticide chemicals they contain (Clark
1987). Siltation of reservoirs and dams reduces
water storage, increases the maintenance cost of
dams, and shortens the lifetime of reservoirs (Pimentel and others 1995a).
Furthermore, heavy sedimentation frequently
leads to river and lake flooding (Myers 1993). For
example, some of the flooding that occurred in the
midwestern United States during the summer of
1993 was caused by increased sediment deposition
in the Mississippi and Missouri Rivers and their
tributaries. These deposits raised the original depth
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of the waterways, making them more prone to
overflowing and flooding the surrounding area
(Allen 1994).
Wind-eroded soil is responsible for off-site damage because soil particles propelled by strong winds
act as abrasives and air pollutants. Estimates are that
soil particles sandblast US automobiles and buildings and cause about $8 billion in damages each
year (Huszar and Piper 1985; Soil Conservation
Service 1993; Pimentel and others 1995a). A prime
example of the environmental impact of wind
erosion occurs in New Mexico, where about twothirds of the land is used for agriculture, including
grazing, and erosion rates on pastures often exceed
6 t/ha/yr and sometimes reach as much as 100
t/ha/yr. Yearly off-site erosion costs in New Mexico,
including health and property damage, are estimated as high as $465 million (Huszar and Piper
1985). Assuming similar costs for other states, the
off-site damages from wind erosion alone could cost
nearly $10 billion each year (Pimentel and others
1995a).
Soil erosion also contributes to the global warming problem by adding carbon dioxide to the atmosphere as enormous amounts of biomass carbon in
the soil are oxidized (Phillips and others 1993). As
mentioned, a hectare of soil may contain about 100
tons of organic matter or biomass. When the forces
of erosion uncover the carbon from this organic
matter, it is exposed and oxidizes. The subsequent
release of carbon dioxide into the atmosphere contributes to the global warming problem (Phillips and
others 1993). In fact, a feedback mechanism may
exist wherein increased global warming intensifies
rainfall, which, in turn, increases erosion and continues the cycle (Lal 1990).

CONSERVATION TECHNOLOGIES
AND RESEARCH
Erosion adversely affects crop productivity by reducing water availability, the water-holding capacity of
the soil, nutrient levels, soil organic matter, and soil
depth (Pimentel and others 1995a). Estimates are
that agricultural land degradation alone is expected
to depress world food production between 15% and
30% during the next 25-year period (Buringh
1989), emphasizing the need to implement known
soil conservation techniques, including biomass
mulches, no till, ridge till, grass strips, shelterbelts,
terracing, contour planting, crop rotations, and
combinations of these. All of these techniques basically require keeping the land protected from wind
and rainfall effects by some form of vegetative cover
(Pimentel and others 1995a).
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In the United States during the past decade, soil
erosion rates on croplands have decreased nearly
25% using various soil conservation technologies
(USDA 1989, 1994). Even with this decline, soil is
still being lost on croplands at a rate 13-times
greater than the sustainability rate (Pimentel and
others 1995b). Although soil erosion has declined
on croplands, soil erosion rates on pastures and
rangelands have not declined during this same
period (USDA 1989, 1994).
Soil erosion is known to affect water runoff, soil
water-holding capacity, soil organic matter, nutrients, soil depth, and soil biota, and all of these
factors influence soil productivity in natural and
managed ecosystems. Little is known about the
ecology of the interactions of these various soil
factors and their interdependency (Lal and Stewart
1990; Pimentel 1993). In addition, more information is needed on the effects of soil erosion on the
productivity of natural and managed ecosystems.

CONCLUSION
Soil erosion is a critical environmental problem
throughout the world’s terrestrial ecosystems. Erosion is a slow insidious process. One millimeter of
soil, easily lost in one rainstorm or windstorm, is
seemingly so minute that its loss goes unnoticed. Yet
this loss of soil over a hectare of cropland amounts
to 15 tons. Reforming that amount of soil under
natural circumstances requires 20 years.
Erosion inflicts multiple, serious damages in managed ecosystems like crops, pastures, or forests—as
well as in natural ecosystems. In particular, erosion
reduces the water-holding capacity because of rapid
water runoff, and reduces soil organic matter. As a
result, nutrients and valuable soil biota are reduced.
Separately or together, these factors diminish the
productivity of all vegetation and animals in ecosystems. At the same time, species diversity of plants,
animals, and microbes is significantly reduced.
Worldwide, soil erosion continues unabated while
the human population and its requirements for
food, fiber, and other resources expand geometrically. Indeed, achieving future food security for all
people depends on conserving soil, water, energy,
and biological resources. Conservation of these vital
resources must receive high priority to ensure the
effective protection of managed and natural ecosystems. If it is ignored, the quality of life for all
humans will suffer.
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Abstract The volume of shade within vegetation canopies is reduced by more than an order of magnitude on
cloudy and/or very hazy days compared to clear sunny
days because of an increase in the diffuse fraction of the
solar radiance. Here we show that vegetation is directly
sensitive to changes in the diffuse fraction and we conclude that the productivity and structure of vegetation is
strongly influenced by clouds and other atmospheric particles. We also propose that the unexpected decline in atmospheric [CO2] which was observed following the Mt.
Pinatubo eruption was in part caused by increased vegetation uptake following an anomalous enhancement of
the diffuse fraction by volcanic aerosols that would have
reduced the volume of shade within vegetation canopies.
These results have important implications for both understanding and modelling the productivity and structure
of terrestrial vegetation as well as the global carbon cycle and the climate system.
Keywords Global carbon cycle · Diffuse radiation ·
Global change · Light use efficiency · Mt. Pinatubo

Introduction
Models which attempt to predict broad-scale variations in
the productivity and/or structure of vegetation as a function of climate and other environmental factors have not
generally considered the effects of clouds and other atmospheric particles. Instead, such models describe the weather and climate using factors like solar radiation, rainfall,
evaporation and temperature, which have generally been
assumed to exert a dominant influence over the productivity and structure of vegetation. However, measurements,
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particularly from forest ecosystems, have consistently
shown that the efficiency of canopy gas exchange increases with, and is very sensitive to, the diffuse component of
the incoming solar radiance (Hollinger et al. 1994, 1998).
These observations suggest that models which ignore the
diffuse component of solar radiance, such as the so-called
big-leaf models, will not correctly predict changes in CO2
uptake as a consequence of changes in diffuse radiance
(De Pury and Farquhar 1997). That is important because
the diffuse fraction of the solar radiance incident at the
earth’s surface has increased substantially in many regions
as a consequence of increases in both cloudiness and the
concentration of aerosols in the atmosphere (Suraqui et al.
1974; Abakumova et al. 1996).
The basic concept that canopy photosynthesis models
must separately account for diffuse and beam radiance
has long been realised by canopy modellers (Sinclair et
al. 1976; Goudriaan 1977). However, the broader ecological and earth science communities have not yet appreciated the fundamental importance of the diffuse
component of global solar irradiance. This may in part
be caused by the apparently complex mathematics that is
often used to describe the propagation of beam and diffuse radiance within vegetation canopies and through the
atmosphere. While that mathematical complexity is often
necessary for many purposes, the fundamental biological
significance of diffuse radiance is related to shadows and
this can be easily understood from casual observations.
For example, when light is mostly diffuse, such as on
cloudy days, there are minimal shadows. In contrast,
when the solar disk is clearly visible, the shadows are
well-defined and occupy a much larger volume because
most of the radiance is coming from a single direction. A
second basic fact that has not yet been fully exploited in
climate-vegetation models is that the fraction of the
global solar irradiance that is diffuse is negatively correlated with the fractional transmission of solar radiance
through the atmosphere (Liu and Jordan 1960; Spitters et
al. 1986; Roderick 1999). Thus, there is a robust relationship between the diffuse and global solar irradiance
at the top of vegetation canopies.
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The aim of this paper is to show that variations in the
diffuse fraction of solar radiation are an important, but
largely ignored factor in understanding global scale variations in vegetation productivity and structure. To do
that we initially use semi-quantitative arguments to show
why the diffuse fraction is very important in determining
the rates of canopy gas exchange. We then combine estimates of the sensitivity of canopy photosynthesis to the
diffuse fraction, with the direct relation between the diffuse and global solar irradiance noted above, to derive a
simplified version of the widely used light use efficiency
model. The application of this new formulation is demonstrated by estimating the productivity over Australia
using satellite and solar irradiance data. Following that,
we apply the theory by showing that the unexpected decrease in atmospheric CO2 that was observed following
the Mt. Pinatubo volcanic eruption was most likely
caused by an increased uptake of CO2 by the vegetation.
The increased uptake would have been a consequence of
a reduction in the volume of shade within vegetation
canopies that resulted from the anomalous nature of the
increase in the diffuse fraction following the eruption.

The importance of diffuse radiance
Canopy shade and the diffuse fraction
The shadow cast by an object has a three-dimensional
structure that is determined by the optical properties of
the object and the geometry of the incoming radiance.
Individual leaves typically absorb about 80% of the incident visible solar radiance (Monteith and Unsworth
1990) so that the (visible) component which is scattered
by the leaves is relatively small. Because of that, the
three-dimensional structure of shadows within a canopy,
which can be described in terms of the volumes of umbra
(full shade), sunflecks (full sun) and penumbra (part sunpart shade) (Horn 1971), is largely determined by the geometry of the incoming solar radiance. When the solar
disk is totally obscured, such as commonly occurs on
cloudy days, vegetation canopies at the surface are located within the shadows cast by clouds and the irradiance
is predominantly diffuse. Consequently, the length of the
umbra under each leaf is very short and there is only a
very small volume of shade within vegetation canopies
(Fig. 1B). In contrast, when the solar disk is clearly visible, the length of the umbra under each leaf is much longer because most of the solar radiance is coming from a
single direction (Fig. 1C). Estimating the volume of penumbra on sunny days is a very difficult practical problem
because it mostly depends on the spatial arrangement of
the leaves (Smith et al. 1989; Ross and Mottus 2000)
which is highly variable. Despite that, it is easy to see
from Fig. 1 that the volume of shade within a vegetation
canopy will be at least an order of magnitude larger on a
sunny day compared to a cloudy day.
It follows from the above discussion that the volume
of shade within a vegetation canopy must largely depend

Fig. 1A–C A simplified method for estimating the reduction in
solar irradiance caused by shadows. A Radiance coming from the
upper hemisphere is intercepted by an opaque horizontal circular
object of diameter D, centred at A and there is a reduction in the
irradiance at B (RB) located a distance X below A. The relative loss
of irradiance at B, defined as RB/RA is denoted S. B S is plotted as
a function of X/D for overcast days using two different radiance
distributions; isotropic distribution (full line) in which the radiance
is assumed to be the same in all directions and the standard overcast sky (dashed line) in which the radiance at the zenith is assumed to be 2.2 times the radiance at the horizon. Calculations to
define these curves are described in the Appendix. Note that S is
very similar for both distributions and when X/D is ≈2, RB is about
95% of RA and there is virtually no shade. C Relatively simple analytical expressions like those used above cannot be derived for
sunny days. However, on sunny days most of the radiance is coming directly from the sun and the calculation can be greatly simplified without too much error by assuming that all of the radiance is
coming from the solar disk. Accordingly, the semi-diameter of the
sun is ≈16′ so the length of the umbra is ≈107D cos β where β is
the angle between the sun and the surface normal, and
S≈max{0,1–107Dcos β/X}. This formula is used to plot S as a
function of X/D for a sunny day at three different values of cos β
(0.1, 0.5, 1.0). Note that even if the umbra was only half as long as
the above calculations suggest (Horn 1971), the volume of shade
within a vegetation canopy is still at least an order of magnitude
larger for a sunny sky compared to a cloudy sky

on the relative magnitude of the beam (Rb) and diffuse
(Rd) solar irradiance at the top of a vegetation canopy
where:
(1)
Rs=Rb+Rd
and Rs is the global solar irradiance. Thus when the solar
disk is not obstructed by clouds or other atmospheric
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where e (mol CO2 mol–1 PAR) is commonly known as
the efficiency of the canopy, f is the fraction of photosynthetically active radiation (PAR) absorbed by the canopy, C is a more or less constant factor (c. 2.3 mol PAR
MJ–1) used to convert from global solar irradiance to
quanta in the PAR part of the spectrum and Rs is the daily global solar irradiance at the top of the canopy. The
effect of the diffuse fraction on e is more easily assessed
by rewriting Eq. 2 as:
Fig. 2 Relationship between the diffuse fraction (Rd/Rs) and the
atmospheric transmission (Rs/Ro) where Rd, Rs and Ro are the diffuse, global and top of the atmosphere solar irradiance using daily
(D, full line) and monthly (M, y=1.11-1.31x) totals (Roderick
1999). The relation shown for daily data is for 40° latitude but
there are only minor differences for other latitudes and the daily
and monthly curves shown here typically account for at least 90%
of the observed variation (Roderick 1999). The daily and monthly
curves have a different form and slope because of differences in
the inter- and intra-day distribution of cloud over a month. See
Roderick (1999) for a theoretical treatment. Note that the relationship for annual data is virtually identical to the relation given for
monthly data (Roderick 1999)

particles, the beam fraction, Rb/Rs, approaches unity and
the diffuse fraction, Rd/Rs, must approach zero. In contrast, when the solar disk is totally obscured by clouds
and/or very thick haze, Rd/Rs approaches unity and Rb/Rs
approaches zero. These limits set the bounds on variation
in the diffuse fraction. In that context, it has long been
known that the diffuse fraction is negatively correlated
with the atmospheric transmission, Rs/Ro where Ro is the
global solar irradiance at the top of the atmosphere (Liu
and Jordan 1960). More recently, it has been shown that
the parameters of that relationship are more or less globally invariant (but see later for exceptions following volcanic eruptions) (Fig. 2). It follows that relative to the
solar irradiance at the top of the atmosphere, high levels
of solar irradiance at the top of vegetation canopies must
be nearly all beam radiance, while low levels must be
nearly all diffuse radiance.
Canopy photosynthesis and the diffuse fraction
Canopy scale photosynthesis depends amongst other
things on the spatial distribution of irradiance in relation
to the biochemical capacity (e.g. Rubisco and other enzymes) for photosynthesis. Models that account for these
factors as well as the saturating response of leaf scale
photosynthesis to the instantaneous irradiance at the leaf
show that canopy scale photosynthesis is very sensitive
to the diffuse fraction (De Pury and Farquhar 1997). One
way to examine the direct effect of the diffuse irradiance
on canopy photosynthesis is to use the so-called lightuse efficiency model (Monteith 1972) where the daily
net assimilation rate of the canopy (A, mol CO2 m–2
day–1) is given by:
A=eƒCRs

(2)

(3)
Thus, as Rs/Ro declines, there is typically less irradiance
on individual leaves at the top of the canopy relative to
that at the top of the atmosphere. However, the decline in
Rs/Ro is accompanied by an increase in the diffuse fraction (Fig. 2) so that there will also be concurrent reduction in the volume of shade within the canopy. Further,
because the photosynthetic rate of individual leaves usually saturates at high irradiance, it follows that individual
leaves in low irradiance will have a higher e, and the reduction in the volume of shade within the canopy means
that the canopy as a whole will also be more efficient in
low irradiance. On that basis, we expect that e should
generally increase as Rs/Ro decreases.
The above prediction is consistent with measurements
above crop (Murata 1981; Sinclair et al. 1992; Rochette et
al. 1996) and forest canopies (Price and Black 1990;
Hollinger et al. 1994, 1998; Fan et al. 1995; Baldocchi et
al. 1997) which show that e does increase as the irradiance
at the top of the canopy declines. In many of these studies,
the observed increase in e was attributed to increases in
the diffuse fraction (Hollinger et al. 1994). That proposition has been confirmed by modelling studies of both crop
and forest canopies that have found that e increases more
or less linearly with the diffuse fraction (Norman and
Arkebauer 1991; Choudhury 2000, 2001a, b).
As a further qualitative test of the above theoretical
framework, we note that some forests have a leaf area index (L, defined as the total projected leaf area per unit
ground area) as high as 7–10, or sometimes even higher
(Anderson 1981). These values are extraordinary because both measurements (Ross et al. 1998; Ross and
Mottus 2000) as well as estimates from relatively simple
models indicate that on sunny days, most of the leaves in
such canopies are in deep shade, presumably with marginal or negative carbon balances (Fig. 3). However, forests with a large L are often located in cloudy climates
and the large values of L could be sustained by a reduction in the volume of shade within the canopy resulting
from a higher diffuse fraction, as suggested by H. Horn
(Horn 1971). If that were true, then we would expect forests with large L to have higher rates of CO2 uptake on
cloudy days than on sunny days. This accords with measurements over a dense forest canopy (L≈7) in New Zealand (Hollinger et al. 1994).
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Fig. 3 Sunlit leaf area index (Ls) as a function of leaf area index
(L) at three different solar zenith angles (z). The calculation is
based on a simplified formula that has been recommended for general use in forest studies (Landsberg and Gower 1997);
Ls=(l-e-Lk sec z)(k sec z) where k is the canopy extinction coefficient. Values of k typically vary from 0.2 (i.e. near vertical leaves)
to 1.1 (i.e. near horizontal leaves) but 0.5 has been recommended
as a general value suitable for most forest canopies (Landsberg
and Gower 1997) and was used to prepare the curves. The important conclusion is that Ls saturates at relatively small values of L
and decreases as z increases. That general conclusion also holds
for other values of k

Fig. 4 Variation in e′(Rs′/Ro′) as a function of the annual diffuse
fraction as predicted from Eq. 8. Note that Eq. 8 is in part dependent on Eq. 7, and the parameters of Eq. 7 do vary between different vegetation canopies (Choudhury 2001a). Consequently, the predicted maximum will also vary for different vegetation canopies.
(See the main text for further discussion of this important point)

13% and 100% on sunny and overcast days respectively
(Roderick 1999), those data can be used to derive the
following relation:
(7)

Estimating productivity using the diffuse fraction
Formulation of a simplified light use efficiency model
The above analyses suggest that it is possible to develop
an (approximate) generic function relating e with the diffuse fraction and to use that relation in an integrated
form of Eqs. 2 and 3 to estimate the annual gross and net
productivity of plant communities. To do that, we can
express the annual net production (N, mol CO2 m–2
year–1) of a plant community as the difference between
gross photosynthesis (PG, mol CO2 m–2 year–1) and autotrophic respiration (PR, mol CO2 m–2 year–1):
N=PG–PR

(4)

PR is usually found to be 30–70% of PG and observations suggest that 45% is close to a typical average value
(Landsberg and Gower 1997) which is consistent with
theoretical expectations (Dewar 2000). The gross photosynthesis is given by:
(5)
where the superscripts denote that we are using annual
totals or averages as appropriate. Both Rs′/Ro′ and e′ can
be expressed as functions of the diffuse fraction. For annual (and monthly) totals, we have (see Fig. 2):
(6)
Choudhury (2001a) modelled the CO2 uptake for a wide
variety of different crop and (native) forest canopies
(n=57) spanning a large range of different climatic
zones. His summary suggests that e′ was on average
about 0.015 and 0.036 under sunny and overcast conditions, respectively. Assuming that the diffuse fraction is

By using Eqs. 6 and 7, it is straightforward to write a
single expression for the product, e′(Rs′/Ro′), as a sole
function of either Rs′/Ro′ or Rd′/Rs′ depending on which
is more convenient for the purpose at hand. In terms of
the diffuse fraction, that function is:
(8)
and by substitution into Eq. 5, we have:
(9)
for the gross annual productivity of a plant community.
The quadratic function in Eqs. 8 and 9 predicts that at
fixed values of ƒ′, C′ and Ro′, the gross productivity
would have a maximum value at a diffuse fraction of
about 31% (Fig. 4). In the context of this paper, the precise value of the maximum is not important because
there is variation in Eq. 7, and hence Eqs. 8 and 9, between different plant communities (Choudhury 2001a).
For example, the measurements from New Zealand forests which were cited earlier (Hollinger et al. 1994)
show that the maximum would occur at a much higher
diffuse fraction, because the uptake of CO2 was higher
on cloudy days. Nevertheless, it is important to note here
that the quadratic function predicts that a broad optimum
will occur and this is consistent with observations (Gu et
al. 1999).
Estimating continental scale annual productivity:
a case study using Australia
Equation 9 is convenient for practical applications because (ignoring orbital perturbations) Ro′ is only a func-
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Fig. 5 Top four panels include the estimate of gross annual productivity for the period 1982–1990 (PG) and the data used to make
that estimate (per Eq. 9). The lower four panels are ancillary climate data that are included to highlight the inter-relationships between the radiation and water balance and the vegetation cover.
(Note that the annual rainfall is greater than 1.5 m in the ‘white’
areas on the rainfall image and that the pan evaporation is for a
Class A pan.) The ‘Rainfall – Pan Evaporation’ image was computed as the difference between the respective images. The upper
left and lower right corners of each image are at 110°E, 10°S and
155°E, 45°S respectively

tion of latitude and C′ is reasonably constant (c. 2.3 mol
PAR MJ–1), leaving only the annual diffuse fraction,
Rd′/Rs′ and ƒ′, the fraction of the incident annual PAR
absorbed by the vegetation, to be estimated. The diffuse
fraction can be estimated from measurements of global
solar irradiance (per Fig. 2) and ƒ′ can be estimated using satellite observations.
To demonstrate this approach, we estimated the average ƒ′ for 1982–1990 using 9 years of monthly satellite
images following the method of Roderick et al. (1999) as
modified by Berry and Roderick (2001). The average an-

nual global solar irradiance, and the other average annual
climatic data (Fig. 5), were computed using monthly averages from the ESOCLIM database available from the
Centre of Resource and Environmental Studies at the
Australian National University. The average annual diffuse fraction was calculated by estimating the diffuse irradiance for each month, using the method of Roderick
(1999) and then summing the diffuse and global solar irradiance for each month to calculate the ratio of the annual values.
Using these data, and Eq. 9, we estimated the annual
average gross production for Australia for the period
1982–1990 as 66 mol C m–2 year–1 corresponding to
about 5.9 GtC year–1 for the whole country (Fig. 5). Assuming that autotrophic respiration was 45% of the gross
production, the corresponding average net production
would be about 36 mol C m–2 year–1 or about 3.2 GtC
year–1 over the whole country. From sensitivity analysis
(results not shown) we found that our estimate of gross
(and net) production would be most sensitive to errors in
estimating ƒ′ over the partially vegetated surfaces that
cover most of Australia. Our estimates of e′ based on
Eq. 7 were generally consistent with estimates for Australian forests made using other means (Landsberg and
Hingston 1996) but we expect that Eq. 7 could be improved for specific vegetation types and environmental
conditions (Choudhury 2001a), especially during
droughts. Note that in cloudy environments such as tropical rainforests, the variation in e′ would generally be
larger than the variation in ƒ′. Our estimate of c. 3.2 GtC
year–1 for the average annual net primary production of
Australia is higher than, but still of the same order as, estimates made using a variety of other approaches, e.g. c.
2.8 GtC year–1 (Gifford et al. 1992), c. 2.7 GtC year–1
(Pittock and Nix 1986), c. 2.0 GtC year–1 (Field et al.
1998; DeFries et al. 1999), c. 1.6 GtC year–1 (Kirschbaum 1999). However, here we emphasise the underlying relationships and methods that are used in subsequent analysis, rather than the absolute accuracy of the
results, given that we have not addressed the effects of,
for example, water stress on e′.

Mt. Pinatubo – the effect of perturbations
in the diffuse-global relationship
The data in Fig. 5 highlight the interrelationships between the water balance (rainfall, pan evaporation) and
the radiation balance (global solar irradiance, diffuse
fraction). In particular, as cloud cover increases, rainfall
and the diffuse fraction typically increase, and the atmospheric transmission of solar radiance declines as does
the pan evaporation. These interrelationships are at the
heart of the light use efficiency model because it is ultimately based on the (reasonable) assumption that the interception of light by leaves will be accompanied by the
uptake of water and nutrients necessary for photosynthesis and transpiration (Roderick et al. 2000). Nevertheless, that does not mean that diffuse radiance, and hence
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the diffuse fraction, is only important because it is correlated with changes in the radiation and water balance. On
the contrary, the earlier theoretical analysis predicted,
and the existing data showed, that canopy photosynthesis
is sensitive to changes in the diffuse fraction. One way to
explicitly test the direct effect of diffuse irradiance on
canopy photosynthesis would be to conduct experiments
in which the diffuse fraction was varied using artificial
means, independently from the global solar irradiance.
Plot-scale agricultural experiments of this sort have been
conducted, and the results showed that plant productivity
increases dramatically when the diffuse fraction is artificially increased while the global solar irradiance is held
constant (Healey et al. 1998). While that is important
confirmation of the significance of diffuse radiance, it is
important to note that in nature, these various combinations do not usually occur (at the top of vegetation canopies) because increases in the diffuse fraction occur concurrently with decreases in atmospheric transmission
(Fig. 2). However, there is (at least) one spectacular exception.
Following volcanic eruptions the solar irradiance at
the surface usually remains more or less constant but
there is a large increase in the diffuse fraction because
the volcanic aerosols predominantly forward scatter the
incoming solar radiance (Garrison 1995). Thus, for a period of time following a volcanic eruption there is a
greater amount of diffuse irradiance at any given global
solar irradiance than predicted by the relationship in
Fig. 2. Of particular interest here is the Mt. Pinatubo
(120°E, 15°N) eruption which occurred in June 1991 at
the height on the northern hemisphere growing season,
because there was a distinct change in atmospheric
[CO2] (Sarmiento 1993) that lasted for about 2 years after that eruption (Keeling and Whorf 1999). The decline
is unique in the atmospheric [CO2] (Keeling) measurements and surprised many scientists because it also coincided with an El Niño event and previous and subsequent such events have been associated with increases in
atmospheric [CO2]. Initial analysis of this anomaly concluded that the effect was probably a terrestrial one
(Sarmiento 1993). Subsequent work has suggested a
combined terrestrial-oceanic sink (Keeling et al. 1996)
or an oceanic sink because of fertilisation by iron ejected
in the eruption (Watson 1997) and/or changes in wind
patterns over the Pacific ocean (Murray et al. 1994).
Here we propose an additional/alternative mechanism,
based on the perturbation in the diffuse-global relationship (Fig. 2) that would lead to a terrestrial sink.
Following the Mt. Pinatubo eruption the solar irradiance at the surface typically declined by a few percent
(Molineaux and Ineichen 1996). This reduction was most
pronounced in the latter half of 1991 and in 1992 and
had begun to disappear by the end of 1993 (Michalsky et
al. 1994; Molineaux and Ineichen 1996; Adeyefa et al.
2000). There was also a large anomalous increase in the
diffuse fraction (Michalsky et al. 1994; Molineaux and
Ineichen 1996; Adeyefa et al. 2000) during the same period that accords with the time scale of the observed at-

mospheric CO2 anomaly. Thus, there would have been a
reduction in the volume of shade within vegetation canopies as a result of the anomalous increase in the diffuse
fraction. Because this occurred without a large reduction
in the amount of global solar irradiance, the combination
of events should have resulted in an increased uptake of
CO2 by vegetation worldwide.
While we have little doubt about the direction of
change following Pinatubo, the key issue here is to establish whether the expected increase in CO2 uptake by
vegetation would have been of sufficient magnitude to
explain a significant part of the observed atmospheric
anomaly. To do that, we attempt a simple analysis by estimating the perturbation in net production (dN) resulting
from the increased diffuse fraction as:
(10)
By expressing the autotrophic respiration as a fraction
(α) of gross production:
P R= α P G

(11a)

and for the perturbation in those quantities:
dPR=β dPG

(11b)

we can rewrite Eq. 10 as:
(12)
We make the assumption that C′ and ƒ′ remained constant after the eruption. Based on those assumptions,
Eq. 12 can be rewritten as:
(13)
By differentiating Eq. 7, we have:
de′≈0.024d(Rd′/Rs′)

(14)

Note that Eq. 7 was derived for conditions where the diffuse fraction would have followed the usual pattern
as depicted in Fig. 2. The extensive calculations of
Choudhury (2001a) need to be repeated for the conditions discussed here, and the slope (0.024) may need to
be altered. In the absence of such calculations we assume
that Eq. 14 is still a useful approximation.
Measurements of global and diffuse solar irradiance
in New Zealand in March 1992, just after the Pinatubo
eruption, showed a much higher diffuse fraction than expected (Kelliher et al. 1996), and are generally consistent
with the widespread distribution of volcanic aerosols after the Pinatubo eruption (Minnis et al. 1993). Using data
for Geneva (Switzerland, 46°N) and Albany (N.Y., USA,
43°N) (Molineaux and Ineichen 1996) we estimate that
d(Rd′/Rs′) was 0.08 and 0.10 respectively when averaged
over the year following the Mt. Pinatubo eruption.
Adopting 0.09, we get:
(15)
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If Rd′/Rs′ is assumed to be in the range 0.2–0.6 (Roderick 1999), then de′/e′ would be between 0.13 and 0.08,
say de′/e′≈0.10. Following volcanic eruptions, there is
typically a small reduction in global solar irradiance (Rs′)
and here we assume 3% (Garrison 1995; Olmo et al.
1999). Assuming that global N is about 60 GtC year–1
(Field et al. 1998), we can rewrite Eq. 13 using the
above estimates as:
(16)
in units of GtC year–1. Thus, assuming that there was no
change in the fraction of autotrophic respiration, we estimate that dN would be about 4.2 GtC year–1. Even if we
make the (unlikely) assumption that the average autotrophic respiration increased from 45 to 65% of gross
productivity, the estimate of dN is still of the same order
(c. 2.7 GtC year–1).
To estimate the effect of this change in net production
on the atmospheric [CO2], we also need to consider the
decomposition of the increment as well as changes in
heterotrophic (the so-called soil) respiration. To consider
decomposition of the increment, we assume that the net
carbon fixed by woody plants is incorporated in longlived structures (e.g. woody stems) while the additional
carbon fixed by herbaceous plants is decomposed and returns to the atmosphere. Assuming that approximately
60% of the global net production is attributed to woody
plants (Potter and Klooster 1998), we can reduce our estimate of 4.2 GtC year–1 to 2.5 GtC year–1. (Note that
while it is the case that some of the primary production
of woody plants is allocated to leaves, which in temperate conditions are often lost within a few months, we
have been conservative by treating the response in terms
of net primary productivity. For example, in practice, the
autotrophic respiration, PR, that diminishes PG to N will
not occur instantaneously as assumed here. Also, as noted above, the increase in the diffuse fraction persisted for
at least two years and will have been promoting PG over
that period. This may explain the persistence of the CO2
anomaly.) Soil respiration has traditionally been assumed
to increase with temperature. Observations show that the
average global surface air temperature decreased by
about 0.1–0.2°C in the year following the Mt. Pinatubo
eruption (Keeling et al. 1995), but this change would not
be sufficient to significantly alter the order of magnitude
of the above estimate.
While the above calculations are approximate, the estimate of the ‘Pinatubo pertubation’ on atmospheric
CO2 in the year following the eruption is a reduction of
about 2.5 GtC which equates to about 1.2 ppmv CO2 in
the atmosphere and is of the same order as the observed
effect (Sarmiento 1993). It is important to note that
while the parameters we have used seem to have given a
high estimate of Australian annual net primary production, the estimate of the Mt. Pinatubo effect is not generally sensitive to the assumed values of the parameters
because the calculations are based on the proportional
change in the parameter values. One caveat identified

earlier is that further calculations of the dependence of
e′ on the diffuse fraction need to be made for conditions
of extreme haze. Further, we acknowledge that there
were probably many other subtle effects of the eruption
on the climate and biosphere, including those noted by
Watson (1997) and Murray et al. (1994). Nevertheless,
we conclude that a decrease in the volume of shade
caused by an anomalous increase in the diffuse fraction
as a consequence of the scattering properties of volcanic
aerosols is a major reason for the atmospheric CO2
anomaly that was observed after the Mt. Pinatubo eruption.

Discussion
In most existing global scale climate-vegetation models,
many of the gross effects of clouds are indirectly included via changes in variables like the global solar irradiance, or via the reduction in the vapour pressure deficit
which is usually observed under cloudy conditions
(Hammer and Wright 1994; Gu et al. 1999). While these
indirect effects are important, clouds and other atmospheric particles also have an important direct effect on
vegetation productivity and structure because changes in
the diffuse fraction, resulting from variations in both
cloudiness and aerosol concentrations, lead to large
changes in the volume of shade within vegetation canopies. This direct effect can be readily incorporated into
models because there is a robust relationship linking the
diffuse fraction with the fractional transmission of solar
radiance through the atmosphere (Fig. 2).
These latter results are very important in the context
of global climate change, because there is now substantial evidence that the solar irradiance incident at the
surface has declined substantially over the last 50 years
(Stanhill and Cohen 2001). To put those observations in
perspective, the radiative forcing at the surface as a
consequence of the increase in CO2 and other greenhouse gases since the start of the industrial era is believed to be about 1–3 W m–2, while increases in aerosols are suspected to have decreased the radiative forcing by about the same amount (Hansen et al. 1998,
2000). These estimated changes are small by comparison with the observed changes in global solar irradiance. For example, Stanhill and Cohen (2001) estimate
that since 1950, the global solar irradiance has decreased on average by about 25 W m–2. According to
the diffuse-global relationship (Fig. 2), that should have
resulted in substantial increases in the diffuse fraction.
Although estimates of diffuse irradiance are relatively
scarce, observations made over the former Soviet
Union are consistent with the predicted increase in the
diffuse fraction (Fig. 6).
Because the diffuse radiance is very important in determining canopy photosynthesis, and because the globally observed trends in the diffuse fraction over the last
50 years are large, it is important that climate-vegetation
models, including global scale carbon balance models,
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where:
(A4)
Equation A3 is evaluated as:

which reduces to:

(A5)
(A6)

Fig. 6 Observed increases in the annual diffuse fraction at three
sites (1, 2, 3) located in the former Soviet Union (Abakumova et
al. 1996). Dotted line (y=1.11-1.31x) is the estimated relation for
annual data (see Fig. 2). The base of each arrow signifies the observed relation in 1960 while the tip of the arrowhead is the observed relation in 1985 for sites 1 and 2, and 1990 is used for site
3. Sites are; 1 (Odessa, 46°24′ N, 30°48′ E), 2 (Toropets, 56°30′
N, 31°48′ E), 3 (Moscow, 55°42′ N, 37°30′ E). Data for the nine
other sites reported in Abakumova et al. (1996) also follow the
same trend reported here

be modified to include this important direct effect on
vegetation productivity and structure.
We conclude that atmospheric scattering has important effects on the global carbon cycle and we support
the recent call by Broecker (2000) for intense study of a
possibly pivotal role of atmospheric dust in the global
climate system.
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The integral of Eq. A2 can be derived from Eq. A6 by
replacing α with zero throughout and is:
(A7)
The reduction in irradiance at B, relative to that at A, denoted S, is given by:
(A8)
For an isotropic distribution of radiance, b equals zero,
and from Eqs. A6, A7 it follows that:
(A9)
For the standard overcast sky, b equals 1.2 (Monteith and
Unsworth 1990) and it can be shown that:
(A10)
Equations. A4, A9 and A10 have been used to prepare
Fig. 1B in the main text.

Appendix
Mathematical expressions for shadows
The irradiance of a surface receiving radiance from the
upper hemisphere can be computed by integrating the intercepted radiance over the visible hemisphere. In the
most general case, the radiance is a function of both azimuth and zenith angles. However, under overcast skies it
is usually assumed that the radiance (I) is only a function
of the zenith angle (z) and that dependence is usually expressed as (Monteith and Unsworth 1990):
(A1)
where (1+b) is the ratio of the radiance at the zenith, I(0)
to that at the horizon, I(π/2). With reference to Fig. 1A,
the irradiance at A, denoted RA, is (Monteith and
Unsworth 1990):
(A2)

and RB is:

(A3)
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Abstract Understanding the interactions between terrestrial and aquatic ecosystems
remains an important research focus in ecology. In arid landscapes, catchments are
drained by a channel continuum that represents a potentially important driver of
ecological pattern and process in the surrounding terrestrial environment. To better
understand the role of drainage networks in arid landscapes, we determined how stream
size influences the structure and productivity of riparian vegetation, and the
accumulation of organic matter (OM) in soils beneath plants in an upper Sonoran Desert
basin. Canopy volume of velvet mesquite (Prosopis velutina), as well as overall plant
cover, increased along lateral upland–riparian gradients, and among riparian zones
adjacent to increasingly larger streams. Foliar δ13C signatures for P. velutina suggested
that landscape patterns in vegetation structure reflect increases in water availability
along this arid stream continuum. Leaf litter and annual grass biomass production both
increased with canopy volume, and total aboveground litter production ranged from
137 g m−2 y−1 in upland habitat to 446 g m−2 y−1 in the riparian zone of the perennial
stream. OM accumulation in soils beneath P. velutina increased with canopy volume
across a broad range of drainage sizes; however, in the riparian zone of larger streams,
flooding further modified patterns of OM storage. Drainage networks represent
important determinants of vegetation structure and function in upper Sonoran Desert
basins, and the extent to which streams act as sources of plant-available water and/or
agents of fluvial disturbance has implications for material storage in arid soils.
Keywords Sonoran Desert - intermittent streams - primary production - soil organic
matter - scale - Prosopis velutina

INTRODUCTION

Understanding the relationships between fluvial ecosystems and the catchments they
drain has been a major research focus in stream ecology for over 30 years (Hynes 1975;
Fisher and others 2004). Recently, efforts have focused on learning how the spatial
structure of channel networks influences ecological patterns in streams (Power and
Dietrich 2002; Benda and others 2004), and the surrounding terrestrial landscape
(Fisher and others 2001). Arid landscapes are heavily dissected by drainage networks
(Graf 1988), and the influence of aquatic ecosystems on terrestrial biota is evident from
the conspicuous growth of riparian vegetation along streams and rivers that drain
catchments that are otherwise poorly vegetated. Flow regimes within arid stream
networks vary dramatically in space and time (Stanley and others 1997), however, and
the importance of these hydrologic dynamics to ecological patterns considered at basin
scales is largely unknown.
A variety of biotic and abiotic factors may influence plant communities in arid
landscapes (McAuliffe 1994; Whitford 2002), but water availability is considered the
prominent driver of vegetation pattern and process (for example, Noy-Meir 1973;
Schlesinger and Jones 1984; Reynolds and others 1999). Water is routed across arid
basins via a continuum of channels that drain subcatchments of increasingly greater
area, and constitute a gradient in stream intermittency (Fisher and others 2001). The
smallest channels (that is, rills) in the stream network receive runoff from surrounding
hillslopes when rainfall is in excess of infiltration in soils, and thus support surface flow
only in direct response to precipitation. Infiltration losses in the beds of rills can be
substantial (for example, Parsons and others 1999); this water moves downstream
along subsurface flow paths and represents an important mechanism for the recharge of
alluvial aquifers (for example, Khazaei and others 2003). Surface and subsurface
discharge from alluvial aquifers in turn supports intermittent and perennial flow in highorder stream and wetland ecosystems. Because channels divert water vertically and
laterally, the productivity of near-stream vegetation can be augmented relative to that in
upland habitats (for example, Ludwig 1987; Martinez-Yrizar and others 1999). It is not
known how this disparity in production varies along the entire continuum flow regimes,
which includes not only ephemeral washes, but also large intermittent and perennial
streams.
Landscape gradients in plant productivity that result from differential access to water
may in turn influence the storage of material in arid soils. Historically, research in desert
ecosystems has emphasized the role of plants in sequestering carbon (C), nitrogen (N),
and other nutrients into ‘islands of fertility’ (for example, Crawford and Gosz 1982;
Schlesinger and others 1996). This concentration of material beneath vegetation is
thought to derive from local plant productivity, the capture of dissolved and particulate
components of overland sheet flow, and the trapping of particles transported by wind
(Schlesinger and Pilmanis 1998). Therefore, to the extent that material storage beneath
plants is driven by local production, the concentration of organic matter (OM) and
nutrients in soils should increase along landscape gradients in plant productivity.
Deposition and scour during floods, however, may further influence the storage of
material in soils beneath vegetation in productive riparian habitats (Malanson 1993).
These fluvial processes are likely to be particularly important in arid catchments, where
rivers are characterized by flash floods that represent important agents of disturbance
along channel margins (for example, Stromberg and others 1991).

In this paper, we seek to better understand the role of stream networks in arid
landscapes by exploring how stream size and intermittency affect the structure and
function of riparian zones in an upper Sonoran Desert basin. Our first objective was to
determine how differences in drainage area influence vegetation size, cover, and
production in streamside habitats, as well as the strength of lateral upland–riparian
gradients in plant structure. A second objective was to learn whether gradients in plant
size and productivity influence the concentration of resources in underlying soils, and
determine how relationships between vegetation structure and soil properties in riparian
zones change with stream size and hydrologic regime. To meet these objectives, we
quantified plant and soil features in upland and riparian habitats of subcatchments
drained by streams that encompass the range of flow characteristics commonly found in
arid basins of the upper Sonoran Desert. We then used a scaling analysis (sensu Ludwig
and others 2000) to determine whether soil organic matter (SOM) concentration
increases with plant size, and to evaluate how these plant–soil relationships change as
the window of observation is expanded to include increasingly larger catchments, with
more frequently flooded riparian terraces.

METHODS
Study Site
Sycamore Creek is located 52 km northeast of Phoenix, AZ, USA, and drains a 505-km2
basin that ranges in elevation from 427 to 2,164 m. Mean annual precipitation varies
with elevation, ranging from approximately 30 cm at 500 m to approximately 60 cm
above 1,200 m (Thomsen and Schumann 1968). Annual precipitation is distributed
bimodally, with approximately 70% of rainfall associated with Pacific frontal storms
(November–April), and 30% associated with convective monsoon storms in the summer
(June–September; Welter 2004). Stream flow across the Sycamore Creek basin is
spatially and temporally intermittent (Stanley and others 1997). Surface water in the
mainstem is typically continuous throughout the winter and spring (for example,
December–April), but can be reduced by more than 50% during summer months. The
largest tributaries to the mainstem may also support surface flow for extended periods
of time (for example, weeks to months) during the winter and spring. For the vast
majority of smaller channels in the stream network, however, surface flow is ephemeral
and coincides with precipitation events.
We quantified vegetation structure, litter production, and SOM storage from five nested
subcatchments ranging in area from 0.006–393.0 km2 (sites 1–5, Figure 1). We selected
sites drained by channels that encompass the spectrum of flow regimes found in the
basin. Channels at sites 1–3 drain relatively small subcatchments (0.006–0.6 km2), and
produce surface flow for short periods of time, only in response to precipitation.
Previous research at these sites has shown that flow characteristics and drying patterns
for channel sediments are tied to the characteristics of the precipitation regime (that is,
the duration, magnitude, and intensity of events; Welter 2004). Site 1 had no obvious
riparian terrace, and was only used for a subset of the analyses described below.

Figure 1 Depiction of study sites in the Sycamore Creek basin, located NE of Phoenix,
AZ, USA. Sites were organized along a stream continuum, and site numbers (1–5) and
line thickness correspond to increased catchment area and stream size: site 1 =
0.006 km2, site 2 = 0.05 km2, site 3 = 0.6 km2, site 4 = 40.0 km2, site 5 = 390.0 km2.
Each site consisted of a 100 m stream reach; plant and soil features were quantified
from stream channel to ridge-top. Site 1 was an upland catchment with no apparent
riparian terrace (inset A); sites 2–5 all had obvious streamside terraces (inset B, shown
as dotted line).

Channels at sites 4 and 5 drain larger subcatchments and can retain streamflow long
past individual precipitation events. Site 4 lies adjacent to one of the major tributaries of
Sycamore Creek (drainage area = 40 km2). The stream here can sustain surface water
for months at a time during the winter and spring—sufficient to support a variety of
benthic fish and invertebrates (Stanley 1993). Following the cessation of surface flow,
subsurface flow continues through early summer, although this eventually becomes
restricted to deeper (> 3 m) strata (Thomsen and Schumann 1968; Clinton 1996). Site 5
is located on Sycamore Creek proper (390 km2). Here the stream retains some surface
water throughout the year, in all but the driest years, and supports a diverse assemblage
of benthic and hyporheic organisms, as well as obligate wetland and riparian vegetation.
In addition to these five sites, we also completed a broader survey of plant structure in
nine additional riparian zones from six major subcatchments in the Sycamore Creek
basin (drainage size range = 0.02–50 km2).

Velvet Mesquite as a Model System
We used velvet mesquite (Prosopis velutina) as a model system to ask how stream
intermittency influences the structure and function of riparian zones. P. velutina is a
deciduous legume that is ubiquitous across upper Sonoran desert landscapes, being a
common member of the Arizona upland desert–scrub association, and the dominant tree
species along intermittent and permanent stream channels (Campbell and Green 1968;
Stromberg and others 1993). P. velutina is a facultative phreatophyte (Campbell and
Green 1968), meaning that it is able to access deep groundwater sources where possible,
but can also utilize water from upper soil layers when deeper sources are not available

(for example, Snyder and Williams 2000). In addition to this, Prosopis sp. in the
Sonoran desert are known to (1) facilitate the growth of understory annual grasses
(Yavitt and Smith 1983; Schade and others 2003), and (2) accumulate C, N, and other
nutrients in underlying soils, relative to interplant spaces (for example, for P.
glandulosa, Virginia and Jarrell 1983; for P. velutina, Schade and Hobbie 2005). For
these reasons, P. velutina is ideal for investigating relationships between basin scale
patterns in water availability and aboveground productivity, and asking how these
interactions influence the accumulation of materials in soil beneath desert plants.

Survey of P. velutina Canopy Volume and Plant Cover
In each of the five subcatchments, we identified a study site bounded by a 100-m stream
reach, extending laterally from channel-edge to ridge-top (Figure 1, inset). Within these
boundaries, we estimated P. velutina canopy volume for all individuals using:

Where H represents tree height, and A and B the major and minor axes measured at 50%
H (as developed for rangeland shrubs by Thorne and others 2002). Heights and widths
of small individuals were measured with a meter stick; dimensions for larger individuals
were estimated using a clinometer and meter tape.
We used data from sites 2–5 to compare P. velutina size between upland and riparian
zones, and to ask whether this disparity varies with longitudinal position. For this, P.
velutina were classified as either upland or riparian based on their position relative to
the terrace–upland slope-break. Mean canopy volume was compared among sites and
habitats (upland vs. riparian) using a two-way ANOVA, followed by t tests and a oneway ANOVA to compare averages between upland and riparian habitats within sites,
and among riparian zones of increasingly larger streams, respectively. The total number
of individuals sampled at these sites ranged from 38 (site 2) to 116 (site 3); canopy
volume data were not normally distributed, and log-transformed values were used for
analyses.
To further evaluate the influence of stream size on vegetation structure, we quantified
total plant cover in upland and riparian habitats at sites 2–5 using the line intercept
method (Mueller-Dombois and Ellenberg 1974). Total cover, relative cover by P.
velutina, and the total number of plant patches (hereafter referred to as patch number)
were quantified from three 100 m transects that ran parallel to the stream channel at
each site and for both habitats (that is, upland and riparian terrace). We compared mean
plant cover variables among sites and habitats using a two-way MANOVA. This was
followed by two-way ANOVAs for each dependent variable separately, and post-hoc
analyses as described for canopy volume.
To determine how riparian P. velutina size varies across a more complete range of
drainage areas, canopy volume was surveyed from nine additional streams draining
subcatchments of variable size, shape, slope, and parent material. For this, 100 m stream
reaches were selected near the base of each subcatchment. Using the methods described
above, canopy volume was measured for all individuals within the riparian zones of
these study sites (within site n range = 15–34). Bivariate regression on site means was
used to relate riparian canopy volume to drainage area.

Water Availability and Aboveground Productivity
To determine whether changes in stream size translate to increased water availability for
P. velutina growing on adjacent terraces, we surveyed foliar δ13C in riparian zones for
three consecutive years. Stable C isotope signatures provide a temporally integrative
descriptor of water use efficiency (WUE), and have been used widely to describe
patterns in water stress, where low water availability leads to reduced stomatal
conductance, less discrimination of 13C, and heavier C isotopic signatures in C3 plants
(for example, Ehleringer and Cooper 1988; Stewart and others 1995; Wainwright and
others 2002). We include here the results of a pilot study conducted in August of 2002,
where three to five trees were sampled from the riparian zone of sites 2, 4, and 5. In
May 2003 and 2004, we expanded this survey to include ten trees at each site (that is,
sites 2–5). For all 3 years, samples were also taken from upland individuals at site 1.
Leaves were collected from five individual stems at the north side of each plant;
individuals were selected that encompassed the spectrum of P. velutina size at each site.
Leaves were dried, ground by ball mill, and 13C/12C ratios measured on a PDZ-Europa
Hydra GSL 20/20 Isotope Ratio Mass Spectrometer (Europa Scientific, Cheshire, UK).
Carbon isotope ratios in parts per thousand (‰) are expressed relative to Pee Dee
Belemnite (PDB) as:
where δ13C is the C isotope ratio of the sample; Rsample and Rstandard are the 13C/12C ratios
of the sample and standard (peach leaf, NIST # 1547), respectively. Within years, oneway ANOVA was used to compare δ13C among sites. Linear regression was used with
data from all years to ask how foliar δ13C signatures in riparian terraces varied as a
function of drainage size.
We estimated P. velutina leaf litter production in the fall and spring of 2002–2003 and
2003–2004. For both years, litter fall was quantified from approximately 25 trees across
the Sycamore Creek basin. The objective was to select trees that encompassed the range
of habitats (that is, upland and riparian) and canopy volumes found in the broader
survey, and then use statistical relationships between plant size and litter fall to estimate
patterns of leaf production for each site and habitat. In 2002–2003, we used individual
P. velutina from sites 1, 2, and 3, and from the riparian zone of an adjacent catchment
approximately 50 km2 in area. For 2003–2004, we used five individuals each from sites
1–5. At each tree, circular (0.02 or 0.03 m2) litter traps were placed along two transects
extending from the bole to the canopy edge. Litter was collected from traps monthly
(leaves only) from October to April, encompassing the entire duration of leaf fall for P.
velutina in this system. Leaves were dried at 60°C, and ashed to determine organic
content.
The aboveground biomass of winter annuals was also quantified beneath P. velutina at
the peak of growing season in 2003 and 2004. Because herbaceous plants are essentially
absent prior to the winter rain season, we used grass biomass at the end of the growing
season as a proxy for the production of winter annuals (for example, Schade and others
2003). For both years, we quantified grass biomass beneath 20 trees, 5 each from sites
1, 2, 4, and 5. Individuals selected from sites 2, 4, and 5 were located in the riparian
terrace; all individuals from site 1 were located in upland habitat. Triplicate grass
samples were harvested from beneath each tree using a 0.25 m2 quadrat. Material was
dried, and ashed to determine organic content. Linear regression was used to relate
winter annual grass biomass production to P. velutina canopy volume; as described

previously, regression equations were then used to estimate grass production for each
site and habitat.

Resource Accumulation in Soils
Soil organic matter concentration at 0–2 cm depth was used as a proxy for material
accumulation beneath P. velutina. Soils were sampled from beneath a subset of upland
and riparian plants at sites 1–5. Site 1 included only upland individuals (n = 33); at sites
2–5, 18–20 riparian and 8–10 upland individuals were sampled. Triplicate samples were
taken from within 1 m of the bole using a 10 cm diameter PVC core, inserted to 2 cm
depth. Surface litter (O horizon) was removed before soils were collected. Interplant
soils were also sampled at the same depth from five locations distributed across each
upland and riparian site. Soils were air-dried in the laboratory and passed through a
2 mm sieve. The less than 2 mm fraction was subsampled, and OM content determined
gravimetrically after combustion at 550°C for 4 h. Triplicate samples were averaged to
generate an SOM concentration (% OM) for each tree. Within sites and habitats, we
used t tests to compare mean % OM between plant and interplant patches. To determine
whether patterns of SOM concentration were diagnostic for biogeochemically important
elements, we measured total N on a subset of soils (n = 40) used in the survey. For this,
subsamples from sieved soils were ground by ball mill, and analyzed for total N on a
Perkin-Elmer 2400 CHNS/O Analyzer (Perkin-Elmer, Wellesly, MA, USA). Linear
regression was used to evaluate relationships between SOM and total soil N.
Regression scaling plots (sensu Ludwig and others 2000) with canopy volume on the xaxis and SOM concentration on the y-axis were used to ask (1) how the concentration of
SOM beneath P. velutina changes with plant size, and (2) whether and how these plant–
soil relationships change as the spatial extent of the analysis expands to include riparian
plants from increasingly larger, more permanent streams. To answer this second
question, we compared slopes of regression lines relating the (ln-transformed)
accumulation of SOM and canopy volume from plant–soil pairs organized at five
different spatial scales. To generate these plots, we started with data from site 1 only,
and sequentially increased the spatial extent of the analysis by adding plant–soil pairs
from the next largest subcatchment. The broadest spatial extent, therefore, was the
entire Sycamore Creek basin (393 km2 at the study site), and consisted of all plant–soil
pairs generated in the study. ANCOVA was used to compare slopes of the relationship
between canopy volume and SOM as we increased the spatial extent. A Bonferroni
adjustment was used to control for Type I error in slope comparisons.
To determine the extent to which fluvial processes influence soil features in riparian
zones, particle size distribution was quantified from beneath a subset of trees in upland
and streamside habitats at sites 2–5 (n = 5 for upland, n = 7 for terrace). Here, a bucket
auger was used to collect soils to 10 cm. Percent gravel was determined gravimetrically
from the larger than 2 mm size fraction. Clay content was quantified from 50 g
subsamples using the density hydrometer method and sand was determined
gravimetrically after rinsing the same subsamples through a 53 µm sieve and drying at
60°C. Both % clay and sand then scaled to the original bulk soil sample. A two-way
MANOVA was used to compare mean % gravel, sand, and clay among sites and
habitat. As described for the analysis of plant cover, this was followed by univariate
statistics for each variable separately. All statistical analyses were conducted with

SYSTAT 10 (SYSTAT 2000). In all cases, transformations were used when bivariate
relationships were nonlinear, or otherwise failed to meet regression assumptions.

RESULTS
Spatial Patterns in Vegetation Structure
Average canopy volume ranged from 14.7 m3 in the uplands at site 5 to 201.1 m3 in the
riparian zone at site 5, and generally increased along both upland–riparian and
upstream–downstream gradients (Table 1). Results from the two-way ANOVA with
canopy volume showed no site effect (F3,315 = 1.8, P = 0.146), but did reveal significant
habitat, and site by habitat effects (F1,315 = 64.3, P < 0.001, F3,315 = 10.6, P < 0.001,
respectively). Multiple comparison tests show that average P. velutina canopy volume
was greater in riparian zones when compared to adjacent uplands for sites 3, 4, and 5,
but not site 2. Furthermore, average canopy volume varied among riparian zones (F3,178
= 7.7, P < 0.001); means at sites 2 and 3 were lower than those at sites 4 and 5
(Table 1). Results from the broader survey of riparian P. velutina canopy volume
showed that average plant size increased with drainage area (n = 13, r2 = 0.82, P <
0.001, Figure 2).
Table 1 Summary Statistics for Canopy Volume and Line-transect Data from Upland
and Riparian Habitats at Sites 2–5
Site
Habitat 2
3
4
5
Canopy volume
(m3)

U

28.7 (5.3)

28.2 (2.6)

32.0 (5.4)

14.7 (1.6)

Canopy volume
(m3)

R

47.4 (5.2)b

***72.2
(9.5)b

***150.7
(18.0)a

***201.1
(30.0)a

Plant cover (%)

U

45.5 (1.7)

38.4 (2.0)
b

37.7 (4.8)
b

Plant cover (%)

R

*52.6 (1.5)

**52.8 (1.8) *63.3 (4.3)

P. velutina (%)

U

20.7 (9.3)

21.7 (5.0)
a

22.5 (11.7)
a

*78.3 (7.7)

a

***77.8 (2.8)a
22.1 (5.6)
67.5 (16.3)a

P. velutina (%)

R

*57.8 (7.0)

Patch #

U

38.3 (0.9)

39.0 (3.8)

24.3 (1.5)

35.0 (0.6)

Patch #

R

***20.0
(0.6)b

**13.0
(1.2)ab

*13.3 (2.0)ab

***9.0 (2.5)a

*P < 0.05, ** P < 0.01, *** P < 0.001.

*63.0 (7.8)

41.1 (1.5)
b

Figure 2 Relationships between riparian P. velutina canopy volume (m3) (A) and foliar
δ13C (‰) (B) and catchment area (km2). For (A), data are mean (± SE) for 13 streams of
varying drainage area, points with asterisks represents sites also used in the intensive
survey of plant and soil properties. For (B), data are mean (± SE) for surveys conducted
in three consecutive years at four sites. Lines represent the best-fit least squared means
regression equations.

Vegetation cover and the number of plant patches varied among upland and riparian
habitats. Percent cover generally increased (37.7–77.8 %), and patch number decreased
(39–9) along both upland–riparian and upstream–downstream gradients (Table 1). The
percentage of plant cover comprised by P. velutina also varied among sites and ranged
from 20.7 (site 2, upland) to 78.3 (site 4, riparian). Taken together, we found significant
differences in plant cover variables among sites (Wilks Λ= 0.10, F9,34 = 5.9, P <
0.0001), habitats (Wilks Λ= 0.05, F3,14 = 84.9, P < 0.0001), as well as a significant site
by habitat interaction term (Wilks Λ= 0.10, F9,31 = 6.2, P < 0.0001). Similarly,
univariate tests showed that, analyzed individually, total plant cover and patch number
both varied among sites and habitats, with significant site by habitat interaction terms
(F3,16 = 10.6, P = 0.001; F3,16 = 6.9, P = 0.001, respectively). For all sites, we found that
percent cover was greater, and patch number lower, in riparian versus upland habitats
(Table 1). There were also significant differences in plant cover and patch number
among riparian zones (F3,8 = 17.9, P < 0.001; F3,8 = 6.8, P < 0.01, respectively). Percent
cover by P. velutina typically increased along upland–riparian gradients, but not among
riparian zones adjacent to different-sized channels (Table 1).

Water Availability and Aboveground Productivity
Average foliar δ13C in riparian terraces ranged from −24.9‰ at site 2 (2002) to −27.1‰
at site 5 (2003); values for upland trees (site 1) ranged from −24.3‰ (2002) to −24.7 ‰
(2003) (Table 2). Within years, δ13C values differed among sites (2002: F3,11 = 19.4, P <
0.0001; 2003: F4,39 = 32.4, P < 0.0001; 2004: F4,43 = 9.2, P < 0.0001). Furthermore,
using data for all years, foliar δ13C decreased in riparian zones with ln catchment area
(r2 = 0.87, P < 0.001, Figure 2). Leaf litter production ranged from 21.4 to 187.3 g
AFDM m−2 in 2003 and from 67.4 to 238.3 g AFDM m−2 in 2004, increasing both years
with ln canopy volume (r2 = 0.79, P < 0.001, and r2 = 0.74, P < 0.001, 2003 and 2004,

respectively, Figure 3A). The biomass of winter annuals varied from 76.0 to 428.3 g
AFDM m−2 in 2003, and from 34.7 to 175.4 g AFDM m−2 in 2004, again, increasing
with ln canopy volume both years (r2 = 0.76, P < 0.001, and r2 = 0.89, and P < 0.001,
respectively, Figure 3B). We applied statistical relationships between canopy volume
and litter and grass production to all upland trees from site 1 and riparian trees at sites
2–5, and estimated that total litter inputs (leaves + grass) beneath P. velutina ranged
from 166.0 g m−2 y−1 (site 1) to 446.4 g m−2 y−1 (site 5) in 2003 and from 136.6 g m−2
y−1 (site 1) to 341.8 g m−2 y−1 (site 5) in 2004 (Table 3).
Table 2 Foliar δ13(‰) Values for P. velutina in Upland (site 1) and Riparian (sites 2–5)
Habitat
Site
Year
1*
2‡
3‡
4‡
5‡
2002 −24.4 (0.12)c −24.9 (0.4)bc NA

−25.7 (0.17)ab −26.6 (0.24)a

2003 −24.3 (0.12)d −25.2 (0.18)c −25.8 (0.19)bc −26.4 (0.19)ab −27.1 (0.30)a
2004 −24.7 (0.15)c 25.3 (0.39)bc −25.7 (0.31)bc −26.3 (0.18)ab −26.8 (0.25)a
Values are mean (± SE). Within years, values that share superscripts are not significantly
different from each other.
*Data from upland P. velutina.
‡Data from riparian P. velutina.

Figure 3 Relationship between ln canopy volume of P. velutina (m3) and A leaf-litter
production (g AFDM m−2 y−1), and B biomass production of winter annuals (g AFDM
m−2 y−1). Each panel includes data from two consecutive growing seasons. Lines
represent the best-fit least squared means regression equations.
Table 3 Estimates of Leaf and Annual Grass Inputs (g AFDM/m2/yr) beneath P.
velutina in Uplands (site 1), and Riparian Zones Adjacent to Increasingly Larger
Streams (sites 2–5)
Site
Season
1*
2‡
3‡
4‡
5‡
2002–2003 Leaf 37.1 (3.4) 84.0 (5.0)

103.5 (5.5) 129.5 (6.7) 149.1 (5.6)

Grass 128.9 (5.1) 199.2 (7.5) 228.9 (8.3) 267.9 (10.1) 297.3 (8.4)

Site

Season

1*

2‡

3‡

4‡

5‡

Total 166.0 (8.5) 283.3 (11.9) 332.6 (13.8) 397.5 (16.7) 446.4 (14.0)
Leaf 85.3 (3.4) 132.6 (4.8) 152.7 (5.6) 178.9 (6.7) 198.7 (5.7)
2003–2004 Grass 51.4 (2.8) 89.6 (3.9)

105.8 (4.5) 127.0 (5.4) 143.1 (4.6)

Total 136.6 (6.2) 222.3 (8.9) 258.5 (10.1) 305.6 (12.2) 341.8 (12.0)
Values are mean (± SE), and obtained by applying equations that describe relationships
between leaf and grass production and canopy volume to all trees surveyed at each site.
*Data for uplands.
‡Data for riparian habitat.

Average surface SOM concentration beneath P. velutina ranged from 5.4% at site 1, to
13.1% at site 4 (riparian); values in interplant spaces varied from 1.8% at site 5 (upland)
to 5.3% at site 5 (riparian). SOM concentration was significantly greater beneath P.
velutina when compared to interplant spaces for all sites and habitats except in the
riparian zone of site 5 (Table 4). Furthermore, ln % SOM beneath P. velutina increased
with ln canopy volume across a broad range of subcatchment sizes (Figure 4A–E). We
found that scaling relationships between P. velutina canopy volume and SOM content
remained statistically constant across five orders of magnitude in drainage area
(Figure 4A–D; F scores range: 0.31–1.9, P values range: 0.17–0.58, when comparing
slopes). When evaluated at the scale of the entire basin, however, the slope of the
relationship between canopy volume and SOM storage decreased significantly (F1,255 =
10.4, P = 0.001, Figure 4E). Finally, we found that our measure of combustible OM
successfully predicted patterns in total soil N, where: % N = 0.04 (% OM)–0.01 (r2=
0.89, P < 0.001).
Table 4 Estimates of % SOM for Plant and Interplant Spaces, and the Difference
between These Patch types, for All sites and Habitats (U = upland, R = riparian)
Site Habitat Plant
Inter-plant Difference
1
2
3
4
5

U

5.39 (0.3)* 2.15 (0.1)

3.2

R

NA

–

U

5.48 (0.5)* 2.47 (0.2)

R

9.10 (0.6)* 2.35 (0.06) 6.8

U

6.10 (0.4)* 2.98 (0.1)

3.1

R

12.51 (1.2)* 2.37 (0.2)

10.1

U

7.83 (0.3)* 4.65 (0.2)

3.2

R

13.10 (1.1)* 3.8 (0.9)

9.3

U

5.47 (0.4)* 1.8 (0.2)

3.7

R

7.12 (0.8)

NS

NA

5.30 (1.0)

3.0

Asterisks indicate where mean % SOM beneath P. velutina was significantly greater than that
from interplant spaces. In this case, P < 0.001 for all significant t tests.

Figure 4 Scaling plots that show relationships between ln soil organic matter (% SOM)
and ln P. velutina canopy volume (m3) at five spatial scales. A shows data from site 1
only; consecutive panels add all points from the next largest catchment, and E includes
all data points in the survey. Regression lines represent the equations for scaling
relationships at each spatial extent; results from the ANCOVA indicate that slope of the
line in E is significantly different than those in all other panels (F1,255 = 9.8, P = 0.002).
Soil particle-size distribution varied significantly among sites and habitats (Table 5).
Percent gravel ranged from 6.4 (site 5, riparian) to 41.4 (site 3, upland), % sand from
33.5 (site 4, upland) to 71.0 (site 5, riparian), and % clay from 4.8 (site 5, upland) to 9.7
(site 4, upland). Using the three variables simultaneously, we found significant
differences in particle-size composition among sites (Wilks Λ = 0.075, F9,92 = 19.55, P
< 0.001), habitats (Wilks Λ = 0.52, F3,38 = 11.6, P < 0.001), as well as a site by habitat
interaction (Wilks Λ = 0.51, F9,92 = 3.2, P = 0.002). Univariate analyses indicated that,
analyzed separately, average % gravel, sand, and clay each varied among sites (F3,40 =
20.3, P < 0.001; F3,40 = 36.0, P = 0.001; F3,40 = 7.05, P = 0.001, respectively). Mean %
gravel and sand also varied significantly among habitats (F1,40 = 32.7, P < 0.001; F1,40 =
14.3, P = 0.001, respectively). Only % gravel showed a significant site by habitat
interaction (F3,40 = 7.02, P = 0.001). Relative to respective uplands, average % gravel
was significantly lower in the riparian terrace of sites 4 and 5, and % sand was
significantly greater in the riparian terrace of sites 3 and 5. There were also significant
differences in mean % gravel and sand among riparian zones (F3,24 = 17.9, P < 0.001,
F3,24 = 27.4, P < 0.001, respectively); here, % gravel was significantly lower in the
terrace of site 5 when compared to all other sites. Similarly, average % sand was
significantly greater in the riparian zone of site 5 when compared to all other terrace
habitats.
Table 5 Percent Composition of Gravel, Sand, and Clay beneath P. velutina in Upland
and Riparian habitats at sites 2–5
Site
Habitat 2
3
4
5
% Gravel U

38.5 (2.4) 41.4 (2.3)
c

cb

% Gravel R

37.8 (1.8) 32.9 (3.8)

% Sand

41.0 (2.2) 37.9 (2.4)

U

37.8 (2.5)

31.8 (2.8)
b

*27.9 (2.2) ***6.4 (1.9)a
33.5 (2.2)

57.8 (2.7)

Site

Habitat 2

3
b

4
b

5
b

*71.0 (3.4)a

% Sand

R

42.5 (1.7) *47.5 (2.3) 39.3 (3.3)

% Clay

U

9.4 (0.6)

9.7 (1.0)

6.9 (0.6)

4.8 (0.5)

% Clay

R

8.2 (0.5)

8.3 (0.9)

9.2 (0.8)

6.5 (0.8)

* P < 0.05, ** P < 0.01, *** P < 0.001.

DISCUSSION
Landscape Patterns in Plant Cover and Aboveground
Production
The drainage networks that dissect arid landscapes influence basin-scale pattern of
vegetation structure and function. In the Sycamore Creek basin, we found that the size
and cover of dominant riparian vegetation increased 4- and 1.5-fold, respectively, along
a channel continuum. These downstream changes in vegetation size and cover in turn
increased the disparity in plant structure between adjacent upland and riparian habitats.
Because we do not have replication at the catchment level, caution should be used when
attributing observed differences in plant characteristics to drainage area alone. Indeed,
site-specific features acting independently of drainage size, such as geomorphic
structure (for example, Hupp 1992), nutrient availability (for example, Harner and
Stanford 2003), and disturbance (for example, Stromberg and others 1991) all likely
interact to influence the dynamics of riparian vegetation at small spatial-scales. Results
from the spatially extensive survey of riparian canopy volume, however, support the
idea that at basin scales the channel network is an important organizer of plant structure
in arid landscapes (Caylor and others 2004).
Results from the survey of foliar δ13C suggest that longitudinal and lateral patterns in
plant size and cover are the consequence of increased water availability adjacent to
larger intermittent and perennial streams. In all years, foliar δ13C of P. velutina
decreased among riparian zones adjacent to streams of increasing size and hydrological
permanence. The observed change in C isotope values, from approximately −24‰ in
uplands to approximately −27‰ in the riparian zone site 5, likely reflects increases in
stomatal conductance and discrimination of 13C by plants adjacent to streams with
greater duration of surface and subsurface flow, as well as an increased capacity to store
water in near-channel alluvial sediments. Other studies in arid environments have
shown that features of intermittent drainage networks can influence plant–water
relations. For example, Wainwright and others (2002) found that δ13C signatures for
Larrea tridentata were significantly higher for upland individuals when compared to
those growing in depositional areas of upland rills (beads), which proved to be locations
of high water infiltration and storage. Observed patterns of δ13C for P. velutina among
riparian habitats in this study are also consistent with the results from Snyder and
Williams (2000) and Stromberg and others (1993) who found that predawn leaf water
potentials for the same species were significantly lower in desert uplands and along
ephemeral and intermittent streams than near perennial streams in southern Arizona.
Differences in plant size and water availability influenced patterns of leaf litter and
understory annual grass production, which increased from 2.3- to 4-fold from desert
uplands to perennial riparian zones. Values for leaf production across the landscape
were within the range of those reported for P. glandulosa in the Sonoran Desert of

California (30–188 g m−2 y−1, Sharifi and others 1982). Grass biomass values were
similar to those reported by Schade and others (2003) in a nearby drainage (150–325 g
m−2 y−1), and represented approximately 70 and 40% of the total litter production in
2003 and 2004, respectively. The observed range in total aboveground litter production
(leaves + annual grasses) in this study corresponds well to that given by Martinez-Yrizar
and others (1999) for upland (60 g m−2 y−1) and arroyo (357 g m−2 y−1) sites along a
southern Sonoran desert drainage. Production numbers reported here also resemble
those given by Ludwig (1987) and Austin and Sala (2002) for total aboveground net
productivity in upland and lowland habitats in the Chihuahuan Desert (range: 30–592 g
m−2 y−1), and along an aridity gradient in Patagonia (range: 15.9–338.4 g m−2 y−1),
respectively.
Previous research in arid landscapes has shown that plant productivity can be
augmented along ephemeral stream channels, when compared to surrounding uplands
(for example, Ludwig 1987; Martinez-Yrizar and others 1999). Ludwig (1987) suggests
that precipitation regimes dictate these spatial patterns: when rainfall is sufficient to
generate runoff in the rill network, transmission losses from low-order channels
infiltrate terrace soils, and riparian plant productivity is stimulated. In dry years, stream
flow in rills is limited, and rates of productivity along channels are unlikely to differ
from those in adjacent uplands. This runoff/runon model would likely apply across the
range of drainage sizes at Sycamore Creek where stream flow is tied directly to
precipitation (for example, sites 1–3). Surface and subsurface flow in high-order
streams of larger drainages, however, is supported by discharge from upstream alluvial
aquifers, persists long past individual precipitation events, and acts to further stimulate
the productivity of riparian vegetation. Our results also suggest that plants able to access
these more permanent groundwater stores are less sensitive to intra-annual variation in
precipitation. Between 2002 and 2003, estimates of P. velutina litter production in the
uplands increased by 2.3-fold, corresponding to an approximate doubling in annual
precipitation in the Sycamore Creek basin (15.7 vs. 32.5 cm). For the same time
interval, leaf production in the riparian zone of sites 4 and 5 increased by only 1.4- and
1.3-fold, respectively, suggesting that the availability of water at depth may effectively
buffer climatically driven variation in productivity along more permanent stream
channels.
We focused our efforts on a single, ubiquitous species so that we could ask questions
about patterns of ecological function along landscape gradients using standardized
response variables and metrics. Caution should be used, however, when extrapolating
production estimates from a single species to a community that is (1) taxonomically and
physiologically diverse, and (2) includes members that may respond to different aspects
of the precipitation regime (for example, Ehleringer and others 1991; but also see
Reynolds and others 1999). Our estimates of relative cover suggest this is particularly
the case in the uplands, where P. velutina only represents about 20–25% of the total
assemblage. The remaining members of this community include other deciduous shrubs
that may behave similarly to P. velutina (for example, Palo Verde, Cercidium
microphyllum), as well as evergreen shrubs (for example, Jojoba, Sommondsia
chinensis) and several species of cacti (Optuntia sp.) that may have different production
dynamics. In riparian zones, however, relative cover by P. velutina ranges from about
60 to 80% of the total plant assemblage, thus the dynamics of this species may
effectively represent those of streamside habitats as a whole.

Spatial Context for Islands of Fertility
Variation in plant size and productivity, along lateral upland–riparian gradients, and
among riparian zones of increasingly larger streams, influenced the storage of SOM and
N in soils beneath P. velutina. We found that the concentration of material in soils
beneath plants increased with plant size (Ludwig and others 2000); these plant–soil
scaling relationships were statistically similar across five orders of magnitude in
catchment area. This represents a spatially extensive scaling domain (sensu Wiens 1989)
within which material accumulation beneath P. velutina in both upland and riparian
habitats increases as a constant function of patch size. Although Ludwig and others
(2000) base predicted relationships between patch size and soil storage on the capture of
material in runoff, in this study the concentration of soil resources beneath P. velutina is
likely driven by local productivity (litter, roots, annual grasses, and so on), a finding
consistent with research on isolated deciduous trees and shrubs in other arid and
semiarid ecosystems (Belsky and others 1993; Facelli and Brock 2000). One
consequence of increased material storage beneath larger plants is that the extent of
fertility island development (that is, relative to interplant spaces) increases along both
upland-riparian and upstream-downstream gradients. These results support the idea that
fertility islands can spatial context (Schade and Hobbie 2005, in press); in this case,
patterns of resource accumulation within this scaling domain reflect a landscape
gradient in aboveground productivity.
Although material concentrated in soils beneath P. velutina may derive from local plant
and grass production, mechanisms driving relationships between plant size and SOM
concentration are likely to change with catchment size. In small upland catchments (for
example, site 1), where plant size and productivity are unlikely to vary with proximity
to channels, plant–soil scaling relationships likely arise from differences in the date of
establishment, with older, larger individuals accumulating more resources in underlying
soils (Facelli and Brock 2000). In larger subcatchments, stream channels provide a
water source that stimulates the growth of riparian vegetation, and within-site
relationships between SOM concentration and canopy volume likely reflect these lateral
gradients in litter and grass production. With further increases in drainage area,
longitudinal changes in SOM concentration with plant size correspond to downstream
gradients in productivity of riparian plants that result from greater hydrologic
permanence.
At the scale of the entire Sycamore Creek basin, we observed a shift in the statistical
relationship between plant size and SOM concentration in underlying soils. Specifically,
this scale-break occurs because SOM concentration beneath P. velutina in the riparian
terrace of the perennial stream was lower than expected, given plant size and
productivity. In addition, this was the only location where we found no significant
differences in % SOM between plant and interplant spaces. These results suggest that, at
the scale of the entire Sycamore Creek basin, additional processes emerge to alter the
fate of detritus and the spatial pattern of material storage in soils. One potential
explanation is that SOM turnover via biotic processes increases beneath trees in the
riparian zone of site 5, when compared to other sites and patches. However, rates of
litter decomposition and CO2 flux from surface-soils (0–2 cm) at this site do not support
this hypothesis (R.A. Sponseller, unpublished data). We argue that the scale-break is
more likely the consequence of flooding in the riparian zone of site 5 that (1) removes
and/or buries surface litter and SOM that would otherwise accumulate beneath

vegetation (Steiger and others 2001), and (2) acts to homogenize the distribution of soil
resources across terrace habitats. This hypothesis is supported by sediment particle size
data, which show a dramatic reduction in percent gravel, and corresponding increase in
percent sand, in the riparian zone of site 5, suggesting an abrupt increase in fluvial
deposition at this site relative to riparian zones of smaller streams.
Riparian zones may act as sources or sinks for fluvial sediments, although deposition
and sediment accrual typically outweigh erosion and sediment loss (Trimble and Knox
1984; Lowrance and others 1988; reviewed by Malanson 1993). Moreover, Graf (1985)
suggests that, in arid catchments, phreatophytes growing along stream margins tend to
augment sediment deposition onto riparian terraces. Our results indicate that
depositional processes are indeed important in the riparian zone of Sycamore Creek, and
that these are likely to have implications for the fate of riparian detritus, and the
trajectory of soil development beneath plants. Results from the survey of SOM and
texture, however, suggest that fluvial processes adjacent to small and medium size
streams used in this study do not have important consequences for soil structure.
Flooding appeared to act as an important determinant of soil properties only in the
riparian zone of the largest stream considered here. We hypothesize that the role of
over-bank flooding as a driver of soil features in riparian zones emerges at some
threshold in drainage size. This argument is consistent with principles of catchment
hydrology that suggest increases in drainage area, from small to midsized catchments,
correspond to a greater frequency and severity of floods and flood-associated
disturbance (Graf 1988; Leopold 1994; Bendix 1997; Dodds and others 2004).

Conclusion: Stream Networks and Scale Dependencies
Our results support the hypothesis that, at basin scales, water availability (and stress) is
the major driver of vegetation pattern in arid landscapes; these plant-water interactions
are mediated in space by stream networks (Caylor and others 2004). In the Sycamore
Creek catchment, we found that plant size, cover, and aboveground productivity
increases along both upland–riparian and upstream–downstream gradients. Because
differences in stream size have profound implications for the ecology of adjacent
terrestrial habitats, the relative number and lengths of different-sized channels may
influence functional properties (for example, net primary productivity) of the broader
catchment. In other words, the geomorphic structure of drainage basins (for example,
distribution of sizes, shape, slope, parent material), and the resulting drainage density
and configuration of channel networks become significant landscape features to
consider when evaluating the importance of arid streams to ecological patterns and
processes at broad spatial scales (Benda and others 2004).
Results also show that patterns of plant size and productivity among upland and riparian
habitats influence the development of fertility islands in arid landscapes. Moreover, the
role of streams in arid landscapes, with respect to the accumulation of material beneath
plants, shifts with drainage size. From small to midsized catchments, streams act to
stimulate productivity and promote material accumulation beneath plants. At some
threshold in drainage area the frequency and magnitude of flooding acts to further
influence the fate of riparian detritus—altering plant–soil scaling relationships and the
spatial pattern of resource storage in soils. Thus, the accumulation of OM and nutrients
beneath vegetation is driven by water as both a resource for plant growth and detritus
production, and an agent of disturbance that buries, removes, and redistributes materials

during floods. These contrasting modes of action are distributed in space by stream
networks, and operate across a different range of catchment sizes.
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